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ABSTRACT 
The in situ immobilization of Pb and Zn via the formation of sparingly soluble Pb- and 
Zn-P minerals has been regarded as one of the most environmentally friendly and 
economical option to remediate Pb and Zn contaminated soils. However, some 
uncertainties remain unclear in the use of P amendments to immobilize excess Pb and Zn 
in soils. This work was initiated to investigate some of these uncertainties including the 
long-term stability of the immobilized Pb-and Zn-P in the rhizosphere soil, factors 
contributing to the poor efficiency Pb-and Zn-P formation in soils, and the interaction 
between plants, immobilized Pb- and Zn-P and soil biota, specifically arbuscular 
mychorrizal fungi. A one-year long batch dissolution study revealed that organic acids 
(oxalic, citric, and malic acid) abundant in rhizosphere soil were able to dissolve 
pyromorphite (a synthetic Pb-P mineral) and liberate Pb and P into solution. Similarly, 
tall fescue plants grown with pyromorphite as a sole source of P were able to solubilize 
pyromorphite and consequently accumulate Pb in their biomasses. In an incubation 
experiment, the formation of target Pb- and Zn-P minerals after P amendment was 
significantly reduced in the presences of oxalic and citric acids. The results suggest that 
organic acids in rhizosphere soils are capable of releasing Pb from Pb- and Zn-P 
minerals, and are significant factors contributing to the poor efficiency of P amendments 
to effectively immobilize high levels of Pb and Zn in contaminated soils. In a 
complementary study, an alternative metal immobilization technique by co-pyrolysis of a 
contaminated soil with woody biomass revealed great potential to further exploit 
pyrolytic processes to immobilize metals such as Zn and Cd in contaminated soils with 
highly resilient charred biomass. 
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CHAPTER ONE 
Introduction 
Background 
Metal contaminations in soils pose serious environmental risks for both human- and 
ecosystem-health. Extensive historic and current exploitation of metallic resources is the 
main source of exceedingly high amounts of heavy metals in contaminated soils as 
compared to the normal background levels as a result of natural biogeochemical 
weathering processes. Increasing levels of mining, industrial emissions, automotive 
exhausts, use of agro-chemicals, military activities, irrigation water, municipal waste and 
sewage sludge are some of the major sources of metal contaminations in soils (Cao, et al., 
2003; Duzgoren-Aydin, 2007; Guo-li et al., 2008; Illera et al., 2000; Kim et al., 2003; 
Mantaa et al., 2002; Nriagu and Pacyna, 1988; Samara and Vousta, 2005; Smith, 2009). 
Among the commonly occurring heavy metals in the environment, lead (Pb) is 
one of the most widely dispersed pollutants in terrestrial environments, aquatic 
ecosystems and in the atmosphere. The widespread presence of Pb in the environment 
can be attributed to both its relative natural abundance in the Earth's crust and centuries 
of human exploitation of Pb resources. Lead has been designated as an environmental 
and public health hazard of global proportions by the United Nations Environment 
Program (UNEP-UNICEF, 1997). The Canadian Environmental Protection Act lists Pb 
as "an environmental toxic substance" (CEPA, 1999). In North America, Pb poisoning is 
still considered as the number one environmental health concern, particularly for young 
children (Government of Canada, 2006; Scheckel and Ryan, 2003). 
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Zinc (Zn) is another intensively utilized metallic element in several industrial 
products and consumables. Unlike Pb, however, Zn is an essential micronutrient element 
required by humans, animals, and plants. Therefore, Zn toxicity in humans and animals is 
rarely reported. However, Zn toxicity in plants due to excess Zn levels in soils is not 
uncommon. 
Multi-metal contamination in soils (e.g., co-contamination of soils with Pb, Zn, 
Cd, and As) is often the rule rather than the exception, particularly where the source of 
contamination is due to mining and smelting related activities. In particular, Pb and Zn 
co-contamination of soils is very common (Adriano, 2001; Pierzynski et al., 2002). As 
such, Zn toxicity in plants can be indirectly a concern to human health in Pb and Zn co-
contaminated soils. Severe limitation of plant growth due to Zn toxicity may result in 
increased chances of human exposure to Pb from the sites devoid of vegetation through 
soil erosion (e.g., dust generation) and leaching (e.g., Pb entering streams, rivers, lakes, 
and groundwater). 
Heavy metals in soils do not decay or bio-degrade over time. In the past several 
decades, the excavation of contaminated soils and landfilling with uncontaminated soil 
sources has been customarily employed to clean up metal contaminated sites. However, 
soil excavation and landfilling is a very costly operation which is only spatially effective 
in the total removal of contaminants from the environment (i.e., merely a transfer of 
contaminants from one location to another). In addition, such operations introduce 
immense disturbances to natural landscapes (Raicevic et al., 2005). 
Recently, an innovative in situ remediation technique using soil amendments to 
modify the physicochemical properties of contaminant heavy metals to less soluble or 
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less bioavailable species offers attractive, inexpensive, and ecologically sounding 
alternatives over the conventional soil removal approach (Adriano, 2001; Chrysochoou et 
al., 2007; Hettiarachchi and Pierrzynski, 2004). The focus of this research, the formation 
of sparingly soluble Pb- and Zn-phosphate minerals using different sources of phosphate 
amendments, is one of the most currently studied in situ metal immobilization techniques 
of economic and ecological significance. 
Statement of the Problem 
Theoretical thermodynamic models and a quite large volume of literature based on results 
conducted both under laboratory and field conditions indicate that both Pb- and Zn-
phosphate minerals (e.g., pyromorphite- [Pb5(P04)3Cl]) could be highly insoluble in soils, 
once their formation is achieved (Cao et al., 2002; Chen et al., 2003; Melamed et al., 
2003). This has convinced many environmental managers that in situ immobilization 
using P amendments holds the future of the management of Pb- and Zn-contaminated 
soils. However, regulatory acceptance of such techniques as economically effective and 
environmentally safe reclamation methods requires the long-term stability of the 
immobilized metals in the environment to ensure continued environmental safety and 
guarantee investment returns (Nachtegaal et al., 2005). 
Through extensive analysis of the published literature (Chapter 2) and personal 
communication with experts in the subject matter, the following issues were identified as 
gaps of information where very little is known in relation to the efficiency of in situ 
stabilization of Pb and Zn using P amendments: 
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1) There is a lack of direct evidence to show the long-term stability of Pb-and Zn-
phosphates formed in situ, particularly in rhizosphere soils. Rhizosphere is the 
volume of soil in close vicinity of roots that is influenced by root activity 
(Hinsinger et al., 2006). Unlike in bulk soils, Pb- and Zn-phosphate minerals 
might behave differently in rhizosphere soil where there is an intense interaction 
between roots, soil minerals, and soil biota. There is a general concern that in situ 
immobilized Pb-and Zn-phosphates might be solubilised by the action of several 
organic acids abundant in the rhizosphere especially when plants are grown in 
soils with limited available P (Sayer et al. 1999; Cao et al., 2002). In this case, the 
general acceptability of the in situ immobilization technique as inexpensive and 
ecologically friendly approach can be challanged; 
2) Recent findings indicate that the formation of Pb- and Zn-phosphates minerals in 
P-amended contaminated soils is often incomplete (Hashimoto et al., 2009; 
Scheckel and Ryan, 2004). Current advances and increased accessibility to third-
generation synchrotron based spectroscopic techniques (e.g., X-ray Absorption 
Spectroscopy) has laid the foundation for these findings. However, factors that 
contribute towards the poor efficiency of the formation of the target metal-P 
minerals in soils are not completely understood yet; 
3) Despite the common co-occurrence of Pb and Zn in metal contaminated soils, 
often times researches aimed at the remediation of Pb contaminated sites have 
overlooked the associated Zn; and 
4) There is a gap of information in understanding the overall interaction between in 
situ immobilized Pb and Zn, plant growth, P status in soil, and some commonly 
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occurring mychorrizal fungi in soils and their combined effects on the dissolution 
kinetics of the stabilized minerals. 
Objectives 
The overall objective of this research project was to elucidate the continued stability of in 
situ immobilized Pb- and Zn-phosphates in the rhizosphere soil of Pb- and Zn-
contaminated soil. 
The specific objectives were to: 
• study the long-term dissolution kinetics of Pb-phosphate (pyromorphite) in 
aqueous solutions of several low molecular weight organic acids (LMWOA) at 
varying concentrations; 
• determine the formation, speciation and stability of Pb- and Zn-phosphate 
minerals in P - amended Pb and Zn-contaminated soils; 
• investigate the role of continued plant growth, phosphorus supply, and some 
mychorrizal fungi to the dissolution kinetics of in situ immobilized Pb-phosphates 
in the rhizosphere soil; and 
• explore alternative remediation approaches to immobilize metals (e.g., Pb, Zn, 
Cd, As, Cu,) in multi-element contaminated soils. 
Scientific Contribution and Relevance 
The current work expands the existing limited knowledge regarding the long-term 
stability of in situ immobilized Pb and Zn phosphate minerals in metal contaminated 
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soils. In particular, this study contributes to the understanding of the fate of Pb and Zn 
phosphate minerals in the rhizosphere soil as they continuously interact with several root 
exudates including organic acids and microorganisms. This work adds to the current 
understanding of factors that contribute to the poor efficiency of the formation of Pb and 
Zn phosphate minerals in P amended metal contaminated soils. In addition, a possible 
alternative remediation technique (i.e., co-pyrolysis of soil with woody biomass) has been 
tested in this research. 
Soil, the pedosphere, is an integral component of any ecosystem. Any 
abnormalities, changes or processes within the soil, or that affect the soil, will have 
consequences on the other components of the ecosystem such as the atmospheric, aquatic, 
and biological systems. Conversely, changes in atmospheric, aquatic, and biological 
systems can manifest in changes in the physicochemical and biological properties of soils 
(Huang, 1998). Therefore, excess levels (i.e., above the natural background level) of 
metal accumulation in soils, including Pb, Zn, As, Cd, and Cu will affect ecosystems and 
may result to a multitude of human and environmental health consequences. 
Canadian Pb and Zn mines and processing plants are the main potential sources of 
Pb and Zn contamination in the environment as Canada ranks fifth and seventh in the 
production and total world supply of refined Zn and Pb, respectively (NRC, 2008). 
Specific reports on the number of sites in Canada that are currently contaminated with Pb 
and Zn are not available. However, the Federal Contaminated Sites Inventory (FCSI) 
indicates that there are more than 18,000 contaminated or suspected contaminated sites in 
the FCSI register and nearly 40% of the reported contamination is due to metals including 
Pb and Zn (TCBS, 2006). Currently, there are nearly 10, 000 contaminated sites 
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including those not assessed yet and those which have been successfully reclaimed in 
British Columbia (BC MoE, 2010). The BC Ministry of Environment reports that metals 
such as Pb, As, Cd, and Hg are the major sources of metal contaminants in BC. These 
reports indicate that potential problems related to metal contaminations are widespread 
environmental concerns in Canada. 
Understanding the behaviour of metals in different soils is of paramount 
importance to society, policymakers, the mining industry, and other stakeholders who are 
directly or indirectly involved in the protection of the environment for posterity. In 
addition to the expansion of the existing knowledge about the fate of Pb and Zn in 
contaminated soils, the work detailed in this dissertation contributes information relevant 
to the management of Pb- and Zn-contaminated soils to ensure the protection of human 
and ecosystem health, and highlights potential future research areas. 
Property owners, companies and industrial enterprises are legally liable for the 
clean-up of any contaminated sites on their properties. The success of any clean-up effort 
is often evaluated against available national and provincial soil quality standards (CSR, 
1996; CCME, 2006) which are often based on total contents of the pollutants in soils. 
However, it is well established that the effect of soil Pb and Zn on human and ecosystem 
health is directly linked to their bioavailability rather than total concentration 
(Hettiarachchi et al., 2001; Nolan et al., 2003). In some remediation practices (e.g., in 
situ Pb phosphate immobilization), the total concentration of the metals essentially 
remain unchanged after remediation. Therefore, the reader is cautioned to take in 
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account that there was no attempt in the current work to evaluate the regulatory 
acceptability of P amendments against existing guidelines. 
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CHAPTER TWO 
Literature Review 
Sources of Soil Lead 
The primary natural source of lead (Pb) in soils is the weathering of a variety of Pb-containing 
minerals. Lead accounts for 0.002% of the Earth's crust mainly in form of Pb sulfide or galena 
(PbS), and other minerals such as anglesite (PbSQO, cerussite (PbCOs), minim (Pb3C>4), and 
pyromorphite [Pb5(P04)3 X; where X = CI", F , OH] (Hettiarachchi andPierrzynski, 2004; 
Lide, 2004; WHO, 1995). It occurs rarely in its elemental form, but occurs in the form of ores 
as well as in various uranium-thorium minerals, arising from radioactive decay (Lide, 2004). 
Total Pb in surface soils ranges from less than 2 mg kg"1 up to 100 mg kg"1 and an average 
value of 10 mg total Pb kg"1 soil is considered as a normal background level in most 
uncontaminated mineral soils around the world (Adriano, 2001; Helmke, 2000; Lindsay, 2001). 
Geogenic Pb is transformed into different forms of soluble and insoluble Pb compounds 
in soils through a number of biogeochemical processes. At earlier stages of mineral 
weathering, sulfides of Pb ores are oxidized and Pb is separated from sulfur and is enriched 
with oxides and hydroxides of iron. Under reducing conditions, Pb -oxides and hydroxides 
recrystallizes to secondary sulfides if there is sufficient available sulfur (Alcock, 1930; He et 
al., 2005). Microorganisms can play an important role in the mobilization of Pb into its 
different soluble forms within the soil as they are generally known to initiate processes such as 
protonation, leaching, chelation, methylation, and redox chemical transformation (Bland and 
Rolls, 1998; Banfield et at., 1999; Gadd, 2000; Gadd, 2004). 
The main sources of unusually high Pb level in soils are, however, anthropogenic 
origins (Cao et al., 2003; Kim et al., 2003). For example, in early 1980's Nriagu and Pacyna 
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(1988) estimated that about 19, 000 tonnes Pb year"1 were emitted to the atmosphere by natural 
sources, while more than 332, 350 tonnes Pb year"1 originated from anthropogenic activities. 
As a consequence of its multi-purpose applications and properties, Pb is one of the most 
highly utilized metals in industries. It has been for many centuries, and is still, used in the 
production of batteries, ammunitions, gasoline, solder, pipes, paints, cable sheathing, radiation 
shields and ceramic products. The ever growing mining activities, industrial emissions, engine 
exhaust emissions, large use of agro-chemicals, military activities, irrigation water use, 
municipal waste and sewage sludge use are some of the major sources Pb pollution in soils 
(Cao, et al., 2003; Duzgoren-Aydin, 2007; Guo-li et al., 2008; He et al., 2005; Huang and 
Bollag, 1998; Illera et al., 2000; Manahan, 2001; Mantaa et al., 2002; Nriagu and Pacyna, 
1988; Samara and Vousta, 2005; Smith, 2009; Thornton, 1981; Webber and Singh, 1995). 
Although the amount of Pb in gasoline, paints, food-cans, pipes and utensils has been 
minimized and in some cases totally banned in Canada and most developed countries within 
the last two decades, a serious threat of Pb poisoning still remains from the improper disposal 
of Pb storage batteries, previously contaminated sources, dumps, and mine tails (Scheckel and 
Ryan, 2003). A significant amount of Pb pollution is also reported from recreational uses of Pb 
shots in shooting ranges and from lost Pb sinkers and jigs used in commercial and recreational 
fishing activities (Gregorich, 2005). 
Health Effects of Lead 
Compared to some other metals (e.g., Cd, Cu and Co), Pb is less toxic to plants which is 
attributed to its extremely low mobility in both soils and plants (Adriano, 2001; Koeppe, 1981). 
For this reason, Pb is not a primary concern in terms of crop production for most agricultural 
soils. However, elevated levels of Pb in plants could result in reduction of photosynthesis and 
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respiration rate in many field crops and trees mainly through interference with leaf stomatal 
resistance to CO2 and water vapor (Koeppe, 1981). Lead can also affect plant growth through 
interference with ion uptake and translocation, particularly Fe, Mn, and Zn, and can cause 
growth retardation due to inhibition of mitochondrial respiration, and inhibition of chloroplast 
activity (Adriano, 2001; Koeppe, 1981). 
Although Pb is of less concern with respect to phytotoxicity, any level of Pb either in 
soils or plants beyond the background level is a very serious concern to humans, wildlife, and 
fish. As a result, Pb has been designated as an environmental and public health hazard of 
global proportions (UNEP-UNICEF, 1997). It is an environmental toxic substance registered 
under the Canadian Environmental Protection Act (CEPA, 1999). 
Lead is a non-specific toxin at the molecular level and inhibits many enzymatic 
activities that regulate normal biological functioning in humans and animals (Adriano, 2001). 
Central nervous system disorders, excitement, depression, blindness, head pressing, circling, 
convulsions and even sudden death without showing any symptoms have been reported in beef 
cattle exposed to high levels of Pb (Adriano, 2001). Very high Pb concentration in the blood 
and liver of fish and birds are often warning signals of Pb-poisoning in contaminated areas 
(Adriano, 2001). 
Due to the ubiquitous presence of Pb in the environment, Pb poisoning of human 
beings, particularly in young children, is a worldwide threat and remains a major 
environmental concern in North America (Government of Canada, 2006; Scheckel and Ryan, 
2003). Lead compounds, either ingested or breathed in by humans, can interfere with almost 
every system and vital organs. While only 10-15% of any form of Pb injested by adults is 
assimilated into bones and secondarily into the blood stream, liver, kidneys, brain and other 
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vital organs, the assimilation rates could exceed 50% in young children and pregnant women 
because of their high nutrient demand and rapid growth (Adriano, 2001; Nordberg et al., 1991; 
Silbergeld, 1991; WHO, 1995). 
Studies conducted on animals indicate that elevated Pb blood levels ( > 10 ug Pb dL"1) 
have adverse effects on several organs and organ-systems including the heamatopoietic, 
nervous, renal, cardiovascular, reproductive and immunes systems (ATSDR, 1999; WHO, 
1995). The central nervous system is the most affected in humans, particularly in children. 
Reduced IQ, hearing difficulties, decreased reaction time, weakened memories, reduced 
physical growth, and death are common among Pb affected children (Scheckel and Ryan, 
2003). Malfunctioning of vital organs like kidneys and reproductive system in males, anemia, 
and convulsion are reported for adults with high Pb blood levels (WHO, 1995). Some Pb 
species are also suspected to be potentially carcinogenic in humans (ATSDR, 1999). 
Sources of Soil Zinc 
Zinc (Zn) comprises about 0.008% of the Earth's crust (Lindsay, 2001). It is found in the 
lithosphere and soils in numerous minerals including sulfides (ZnS, sphalerite and wurtzite), 
sulfates (ZnS04, zincosite; ZnS04.7H20, goslarite), oxides (ZnO, zincite; ZnFe204, franklite; 
ZnAl204, gahnite), carbonates (ZnC03, smithsonite), phosphates (Zn3(P04)2.4H20, hopeite), 
and silicates (ZnSi04, willemite; ZnSi207(OH)2.H20, hemimorphite) (Barak and Helmke, 
1993). Zinc, Pb and Cd are often found together at mining and smelting sites because galena 
(PbS) and sphalerite (ZnS), the most economically important primary ores for both metals, are 
frequently found in the same ore deposit, and Cd usually can substitute Zn in sphalerite 
(Alcock, 1930; Barak and Helmke, 1993; Pierzynski et al., 2002). Therefore, the most common 
sources of Cd and Pb pollution also produce high levels of Zn contamination. The Zn content 
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of soils depends on the nature of the parent rocks, organic matter, and pH (Adriano, 2001). 
Reported total Zn concentration in soils range from 10 mg kg"1 to 300 mg kg"1, where 50 mg 
kg"1 is considered to be the average background level of Zn (Mortvedt, 2000). 
Other than Zn naturally occurring from biogeogenic sources, all other sources of Zn in 
soils are anthropogenic. Zinc undergoes a similar weathering pathway as that of Pb. However, 
Zn concentrates more in Mn oxides than Fe compounds once it is liberated from its sulfide ores 
upon oxidation (He et al., 2005). Adriano (2001) reported that Zn-containing fertilizers and 
chemicals are by far the largest sources of Zn in agricultural soils. Municipal sewage sludge, 
which is used as soil conditioner and fertilizer, carries much larger amounts of Zn than 
commercial fertilizers, suggesting continuous use of sludge might induce Zn toxicity (Adriano, 
2001). 
While most commonly used fertilizers are known to contain Zn as an impurity or 
contaminant of the production process with concentrations that range from 10-715 mg Zn kg"1, 
mean concentrations of Zn in sewage sludge in the United States, the UK and Canada are 
estimated at 2132, 4100 and 6140 mg Zn kg"1, respectively (Adriano, 2001). For example, 
Walter and Cuevas (1999) reported an increase of total Zn soil concentration from 33.8 to an 
average of 129.4 mg Zn kg"1 after five years of consecutive sludge application at a rate of 400 
to 800 Mg ha"1. 
Mining and smelting activities have released substantial amounts of Zn into the 
environment through waste disposal, drainage effluents, and aerial emissions (Adriano, 2001). 
Products including brass and bronze alloys, galvanized items, rubber, copying paper, 
cosmetics, pharmaceuticals, batteries, televisions, tires, metal coatings, glass, and paints are 
some of the many anthropogenic sources of Zn in the environment (Cameron, 1992). 
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Zinc Toxicity 
Zinc is an essential micronutrient element for both humans and plants. It plays numerous 
catalytic and structural roles in enzymes, protein synthesis, biological membranes, gene 
expression, cell division, reproduction, nervous and immune systems (Hambidge, 2000). As a 
result, Zn toxicity in humans is not common with the exception of rare cases due to accidental 
overdose or therapeutic use of high dose of Zn (Adriano, 2001). 
In plants, however, Zn phytotoxicity is not uncommon. Zinc related yield reduction 
and phytotoxicity symptoms are likely to happen when concentrations exceeding 100 and 300 
mg Zn kg"1 dry leaf weight are encountered (Cameron, 1992; Marschner, 1995). Zinc toxicity 
induces inhibition of root elongation and photosynthesis, and causes chlorosis in young leaves. 
These are either the direct effects of accumulation of high Zn levels or an indirect Zn-induced 
deficiency of other essential nutrient elements such as Fe, Mg and Mn (Marschner, 1995). Zn 
phytotoxicity poses two problems: (1) general limitation to crop yields, and (2) inhibition of 
vegetation cover on contaminated sites that could result in enhanced wind and water erosion 
and leaching, and increased chances of further off-site metal pollution (Adriano, 2001). 
Remediation of Lead and Zinc-Contaminated Soils 
There are three basic approaches to remediate metal contaminated soils (Adriano, 2001): 
1) Physical methods: restricting access to the contamination through containment 
or removal; 
2) Biological methods: using natural or enhanced biological processes to either 
reduce mobility and bioavailability by manipulation of metal speciation or 
reduction of availability by phyto-extraction; and 
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3) Chemical methods: changing environmental conditions to alter the chemical 
speciation of contaminants to decrease bioavailability or increase the 
availability of the metals for some form of extraction (Adriano, 2001). 
The choice of a specific method or a combination of two or more methods in 
remediation of metal contaminated soils is a site specific processes and relies on factors such as 
cost, time, the type and extent of contamination, and the intended use of the land after the 
clean-up. A summary of some of the most commonly employed remediation techniques is 
presented in Table 1. 
Conventional techniques to remediate Pb-contaminated soils often involve physical 
methods such as the removal of the contaminated soil to a certain depth and refilling with clean 
soil from other sources, and physical separation, or containment in impermeable layers. These 
procedures are often ineffective in totally removing the contaminant from the environment, are 
very disruptive to the environment, require a source of clean soil and repository for the 
contaminated soil, and are very costly (Adriano et al., 2004; Cotter-Howells and Caporn, 1996; 
Hettiarachchi and Pierrzynski, 2004; Scheckel and Ryan, 2003). For example, Chaney et al. 
(1998) reported that the cost of soil excavation to the depth of 30 cm and refill to clean up a Pb 
contaminated site is on order of $ 2.5 million US ha"1. In comparison, a typical estimate for in 
situ stabilization of metal contaminated sites was reported to be between $ 75 and 90 US cubic 
yard"1 of contaminated soil treated (Evans, 1997) which is equivalent to less than $ 270, 000 
US ha"1. 
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Table 1. Summary of technologies for the remediation of heavy metal contaminated soils. 
Technology Description Remarks 
Group 1: Physical Methods 
Excavation Removal of contaminated soil and 
refill with uncontaminated soil 
from other sources 
Vitrification 
Encapsulation 
Washing 
Flushing 
Electrokinetics 
Groundfreezing 
Separation 
Heating to produce glasslike, non-
porous, non-leachable material 
Covering polluted site with 
impermeable layer 
Extraction of contaminants with 
acid or chelate solutions 
Leaching of contaminants with 
water, acid or chelate solution 
Migration of contaminant ions to 
electrodes induced by electric 
current 
Formation of artificial temporary 
barrier 
Physical segregation by floatation, 
gravity separation, and screening 
Group 2: Chemical Methods 
Neutralization Neutralization 
Solidification 
Stabilization 
Addition of cementing agent to 
contaminated medium to produce 
hardened non-porous, non-
leachable material 
Immobilization of contaminants by 
adding materials to induce 
sorption or precipitation 
Group 3: Biological Methods 
Phytoremediation Use of plants and microorganisms 
to extract, stabilize, degrade, or 
volatilize contaminants 
Revegetation Site stabilization with vegetative 
groundcover against wind and 
water erosion 
Very disruptive, costly and 
need a repository for the 
contaminated soil and source 
of clean soil 
Good for shallow and less 
volatile metal contaminated 
soils 
Useful for landfill covers 
Good for soluble 
contaminants, very costly 
Good for soluble 
contaminants, very costly 
Applicable for saturated soils 
with low groundwater level. 
Applicable for high metal 
contamination 
Applicable only to highly 
acidic or basic soils 
Cost effective over ex situ 
solidification methods 
Rapid results, minimal 
environmental disturbance and 
cost effective 
Slow process, minimal 
environmental disturbance and 
less costly, require treatment 
of the harvested biomass 
Good for low to moderately 
contaminated sites; specialized 
tolerant plants may be required 
(Source: Adriano, 2001 and Mulligan et al., 2001). 
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Phytoremediation, in general, refers to the use of plants in the remediation of metal 
contaminated soils mainly through either one or a combination of one of the following 
methods: phyto-extraction, phyto-stabilization, phyto-degradation, and phyto-volatilization 
(Lasat, 2002; Pierzynski et al., 2002; Suresh and Ravishankar, 2004). This method is 
considered as a cost effective and promising green technology for the remediation of metals, 
pesticides, and organic solvents polluted soils (Yadav et al., 2010; Vamerali, et al., 2010). 
Compared to traditional soil excavation method, phytoremediation maintains a 
functional ecosystem because of the very minimal disturbance to the environment, has esthetic 
value, requires a very small amount of investment, and minimizes surface contaminant 
transport by erosion. However, phytoremediation is a very slow process which may take 
several years to reduce metal contents in soil to a safe and acceptable level (Khan, 2005). Most 
hyperaccumulator plants, plants which can accumulate up to 1% metal concentration in their 
harvestable biomass (Pierzynski et al., 2002), have very low biomass production. This requires 
a phytoremediation process to be repeated over several years before a soil is reclaimed (Burd et 
al., 2000). 
Other limitations of the phytoremediation method are: (1) contaminants outside of the 
rooting zone will still remain after the remediation, (2) phytoremediation cannot be used at a 
highly toxic levels of metal contamination because plants will fail to grow in such conditions, 
and (3) high energy cost associated with phytoremediation either to detoxify or store the metals 
in the harvested biomass (Ernst, 2005; Hettiarachchi and Pierrzynski, 2004; Mulligan et al., 
2001; Suresh and Ravishankar, 2004; Vamerali et al., 2010). 
Chemical in situ stabilization (also known as in situ immobilization) of metals is being 
promoted as the most promising remediation technique and is currently a major focus of 
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research in the remediation of Pb-polluted soils (Adriano, 2001; Chrysochoou et al., 2007; 
Hettiarachchi and Pierrzynski, 2004). Several studies have been conducted to verify the 
formation of sparingly soluble Pb- and Zn- phosphate minerals in soils by adding different 
forms of inorganic P such as readily soluble calcium phosphates (triple supper phosphate), 
phosphoric acid, apatite, phosphatic clay, and rock phosphate (Arnich et al., 2003; Eighmy et 
al., 1997; Manecki et al., 2000; Melamed et al., 2003; Ryan et al., 2001; Scheckel and Ryan, 
2003; Singh et al., 2001; Yang et al., 2001). 
In addition to the formation of insoluble Pb compounds as a means of reducing Pb 
bioavailablity, adsorption of Pb to the soil solid phase is another potential process which has 
received attention in controlling the bioavailability of Pb in soils (Hettiarachchi et al., 2003). 
Various oxides and hydroxides of Fe, Al and Mn have been tested for their capability to adsorb 
Pb (Hettiarachchi et al., 2000; Hettiarachchi et al., 2003). Mn-oxide was found to be the most 
efficient in adsorbing Pb and minimize its bioavailability (Hettiarachchi et al., 2000). 
Combined techniques to precipitate and adsorb Pb are suggested to be more efficient than 
either methods done alone (Hettiarachchi et al., 2003). 
Despite the potential and the promise of the in situ stabilization of Pb via Pb-phosphate 
formation to remediate Pb-contaminated soils, there are still some uncertainties that need to be 
addressed before the method is universally accepted. For example, the long-term stability of 
the newly formed Pb phosphate minerals, the amount and source of P amendments, and the 
effect of the treatments on other metals associated with Pb contamination (e.g., Zn, Cd) are 
some of the factors that need to be considered before implementing this method for a specific 
contaminated site (Zwonitzer et al., 2003). 
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Other major technical limitations of the in situ stabilization of Pb using P include the 
poor efficiency of Pb-P formation in contaminated soils and the potential for excess P efflux to 
the environment. Pyromorphite formation after P amendment in contaminated soils is often 
inefficient with reported success rate of transformation of 30-45% (Hashimoto et al., 2009; 
Scheckel and Ryan, 2004). In addition, the potential for excess P entering freshwater supplies 
and causing eutrophication problems is high due to the amounts of P added for remediation 
purposes is far exceeding the amounts typically used for agricultural purposes (Chen et al., 
2003; Pierzynski and Gehl, 2004; Singh et al., 2001). 
The formation of Zn-phosphate minerals in Pb-and Zn-contaminated soils, however, 
has not been intensively studied. Cotter-Howells and Caporn (1996) reported the formation of 
Zn-phosphate in contaminated soils after treatment with soluble inorganic phosphorous. 
Similarly, Eighmy et al. (1997) found that a 28% Zn reduction in leachable Zn from municipal 
solid waste treated with soluble inorganic P, as a result of the formation of several insoluble Zn 
phosphate compounds. 
Formation and Stability of Lead-phosphate (Pyromorphite) in Soils 
The in situ P stabilization of Pb-contaminated soils is based on the premise that phosphate 
released from various P amendments in a Pb-contaminated soil will react with aqueous Pb to 
form a highly insoluble Pb phosphate minerals called pyromorphite (Cao, et al., 2002; Chen et 
al., 2003; Cotter-Howells and Caporn, 1996; Hettiarachchi et al., 2001; Melamed et al., 2003). 
Pyromorphite formation has been reported as a common weathering product of Pb compounds 
in mine waste materials, and in soils from urban areas and road sides where both Pb and P 
sources are available (Cotter-Howells et al., 1994; Cotter-Howells, 1996; Eighmy et al., 1997; 
Ryan et al., 2001). 
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Lead phosphate minerals particularly pyromorphite (which is the name commonly used 
to refer to chloro-pyromorphite [Pb5(P04)3Cl]), are the least soluble forms of Pb in the gastro-
intestinal tract systems of animals and in the soils (Cao et al., 2002; Hettiarachchi and 
Pierrzynski, 2004; Yang et al., 2001). The estimated solubility constant for pyromorphite 
varies widely. While Niragu (1973) reported a R v a l u e of 10"844 at 25° C, Yang et al. (2001) 
estimated a Ksp of 10"2404. Lindsay (2001) has reported a standard (1 atm pressure and 25° C) 
Ksp value of 10"25 °5 for pyromorphite. According to Scheckel and Ryan (2002), the different 
reported Ksp values correspond to the difference in pH of the reaction media which influence 
the dissociation constant of phosphoric acid and eventually the Ksp value for pyromorphite. 
Equations (1) to (4) illustrate these reactions (Scheckel and Ryan, 2002). All authors, 
however, agree that pyromorphite has the lowest Ksp value, hence is the most insoluble, 
compared to several secondary Pb minerals in soils (Table 2). 
pH 0 - 2.12 
Pb5(P04)3Cl + 9H+ -* 5Pb2+ + 3H3P04 + CI" log ^ = -18.69 (1) 
pH 2.12 - 7.21 
Pb5(P04)3Cl + 6H+ -+ 5Pb2+ + 3H2P04" + CI" log ^ =-25.05 (2) 
pH 7.21 -12.38 
Pb5(P04)3Cl +3H+ -> 5Pb2+ + 3HP042" + CI" log Kv = -46.9 (3) 
pH 12.38 - 1 4 
Pb5(P04)3Cl + OH" -> 5Pb2+ + 3P043" + CI" log Ksp = -84.4 (4) 
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Table 2. Solubility product constants (Ksp) of various Pb and Zn minerals. 
Mineral 
PbCl2 
PbS04 
PbC03 
Pb5(P04)3Cl 
PbS 
ZnS04 
ZnC03 
ZnS 
Zn5(P04)3OH 
log Ksp 
-4.8 
-7.79 
-13.1 
-25.05 
-27.51 
3.4 
-9.8 
-24.7 
-63.1 
Source 
Lide, 2004 
Lindsay, 2001 
Lide, 2004 
Lindsay, 2001 
Lindsay, 2001 
Lindsay, 2001 
Lide, 2004 
Lide, 2004 
Cotter-Howells and Caporn, 1996 
The formation of pyromorphite is a step-wise process which involves the dissolution of 
the Pb and P minerals and the precipitation of pyromorphite, hence the dissolution of either Pb 
or P minerals will determine the rate of pyromorphite formation in the soil (Arnich et al., 2003; 
Hettiarachchi et al., 2001; Ma, 1996; Yang et al., 2001). In most cases, however, soil P 
availability is greater than Pb (Lindsay, 2001) and pyromorphite formation is limited by the 
dissolution of Pb2+ into soil solution. With the use of hydroxyapatite as the source of P, 
however, a different mechanisms of pyromorphite formation has been suggested which involve 
cation exchange of surface adsorbed Pb with Ca in the hydroxyapatite structure without the 
need of undergoing dissolution of apatite to liberate aqueous P (Arnich et al., 2003; Melamed 
et al., 2003). 
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Stability of Lead- and Zinc-phosphate Minerals in Rhizosphere Soil 
The rhizosphere is the volume of the soil in close vicinity of plant roots that is influenced by 
the root activity (Hinsinger et al., 2006). This is usually located in the first few millimeters 
around the root surface. At the soil-root interface (rhizosphere), the soil conditions are 
different in many regards from that of the bulk soil (non-rhizosphere soil). While some 
nutrients are continuously depleted from the rhizosphere, others accumulate; roots exude 
different kinds of low molecular weight organic compounds including sugars, organic acids, 
amino acids, proteins, enzymes, vitamins, and different gaseous molecules (Banfield et at., 
1999; Dakora and Phillips, 2002; Fomina et al., 2005; Hinsinger et al., 2006; Strobel, 2001). 
Besides serving as source of carbon, root exudates are chemo-attractants for many soil 
microorganisms (Dakora and Phillips, 2002). 
Rhizosphere soil has a unique composition in terms of species diversity, number, 
activity, and biomass of microorganisms. Plant roots and soil biota affect the ionic 
composition, speciation, pH, and reduction potential of the rhizosphere soil as opposed to the 
bulk soil (Marshner, 1998). Such unique conditions in the rhizosphere region brings 
complicated set of interactions between roots, microorganisms, soil solution, and the solid 
phase of the soil which are critical in determining the environmental impacts of contaminants 
on ecosystem health and functioning (McLaughlin et al., 1998). 
McLaughlin et al. (1998) summarized the effect of plants on contaminant chemistry at 
the root-soil interface into the following five general mechanisms: 
a) nutrient uptake may reduce ion activity resulting in desorption of contaminants from 
surfaces or convective flow of solution to the root may move additional contaminants to 
the rhizosphere, leading to sorption; 
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b) plant-induced changes in solution chemistry can affect sorption parameters such as pH, 
ionic strength, and macronutrient cation concentration; 
c) plants excrete organic ligands that may increase or decrease the total concentration of 
contaminant ions in solution depending on whether free activity is well buffered or 
poorly buffered, respectively; 
d) live or dead plant materials in the rhizosphere can act as new sinks for contaminants; 
and 
e) microbial activity, stimulated by plants, can also affect contaminant behavior by one of 
the above processes. 
Reduced pH is probably one of the major factors that contribute to mineral solubility in 
rhizosphere soil as compared to solubility in bulk soil. Continuous release of H+ to balance 
ionic composition in the root cells, the direct excretions of organic acids, and the production of 
metabolic acids by the microbial population inhabiting the rhizosphere, result in lower pH 
values, sometimes up to two pH units lower in the rhizosphere than the bulk soil (Hinsinger et 
al., 2006; Marshner, 1998). Banfield et al. (1999) reported that a pH decrease from neutral to 
pH 3 - 4 increases silicate dissolution rates by 10 to 1,000-fold. In addition to lowering 
rhizosphere pH, organic acids may promote dissolution rate of minerals by complexing 
metallic cations with organic ligands and weakening the metal-oxygen bonds (Banfield et al., 
1999). 
While it is mostly assumed that plants enhance mineral weathering in rhizosphere soils, 
some plants can modify their rhizosphere and/or release compounds that render heavy metals 
less soluble or result in their precipitation (Adriano et al., 2004). Cotter-Howells and Caporn 
(1996) investigated the formation of pyromorphite in the rhizosphere soil while growing 
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Agrostis capillaries L. Their results suggested the grass solublized some of the insoluble 
phosphate compounds and enhanced pyromorphite formation. Similarly Cao et al. (2002) 
reported that pyromorphite formation on the cell wall of root cells of a grass grown on P-
amended Pb-contaminated soil and they hypothesized that the plant roots created local acidity 
which might have enhanced the dissolution of apatite and lead to the precipitation of the 
pyromorphite on the root surface. 
Organic Acids in Rhizosphere Soil and their Role in the Solubility of Metal-phosphates 
Several low molecular weight organic acids (LMWOA) have been reported in soil solutions 
and rhizosphere soils although their complex nature, dynamics, and concentration are not yet 
fully understood. LMWOA are C-H-O containing compounds that are found in all organisms 
and possess at least one carboxylate group (Jones, 1998; Ryan et al., 2001). Most commonly 
occurring LMWOA in soils are: citrate, malate, oxalate, acetate, lactate, succinate, fumarate, 
and malonate (Jones et al., 2003; Ryan et al., 2001). The main sources of organic acids in soils 
are root exudates, fungal exudates and the by products of microbial decomposition of soil 
organic matter (Strobel, 2001). 
The diverse physiological and ecological roles of LMWOA released from plant roots 
includes but are not limited to: mobilization and uptake of nutrients by plants and 
microorganisms, detoxification of metals, microbial proliferation in the rhizosphere, and 
mineral dissolution (Jones, 1998; Ryan et al., 2001). 
The amounts of LMWOA released under nutrient deficiency vary from species to 
species. Up to 20-fold increases in the production of root exudates have been reported under 
nutrient limited conditions as compared to non-deficient plants used as controls (Dakora and 
Phillips, 2002). On the other hand, nutrients and toxic elements can be immobilized or they 
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may react with organic acids to yield compounds which can be viewd as non-toxic. Examples 
are tolerance to Al toxicity by forming a less toxic organic-Al complex (Jones, 1998) and the 
formation of insoluble Pb-phosphate minerals on root surfaces and rhizosphere soils in soils 
contaminated with Pb (Cao et al., 2002; Cotter-Howells and Caporn, 1996). 
The concentration and type of LMWOA in soils vary depending on factors such as 
vegetation type, moisture content, the season, soil nutrient and pollutants (e.g., metals) levels, 
amount of organic carbon, species and abundance of soil organisms present, and where in the 
soil (i.e., bulk vs. rhizosphere soil) the measurement is made (Shen et al., 1996; Strobel, 2001). 
Concentrations of LMWOA in the rhizosphere soil are reported to be significantly higher than 
in the bulk soil (Jones, 1998; Shen et al., 1996; Strobel, 2001; Tuason and Arocena, 2009). 
Studies have shown that the concentration of LMWOA under a broad range of environments to 
be between 1-50 \iM (Jones et al., 2003). Unusually very high concentrations of LMWOA, as 
high as 4.7 mM citrate in soil solution, has been reported (Drinkelaker et al., 1989). Jones 
(1998) reported concentration of LMWOA ranging between 10 and 100 uM would be 
considered as realistic estimates of LMWOA contents in the rhizosphere soil. 
It has been suggested that generally very low reported concentrations of LMWOA in 
soils could be an underestimation of the actual concentration because: (a) most organic acids 
have very low diffusion rates, (b) LMWOA undergo several adsorption and microbial break-
down processes in soils, and (c) the inefficiency of current techniques employed to extract 
organic acids from soils (Jones et al, 2003; Strobel, 2001). 
Organic acids can supply both protons and metal complexing anions which help in 
mobilization of metals and at the same time in the formation of insoluble organic-metal 
complexes (Gadd, 2004; Jarosz-Wilkolazka and Gadd, 2003). This capability of organic acids 
28 
in the rhizosphere to mobilize metals and donate protons can facilitate the weathering of 
minerals in soils. However, there is an argument as to whether or not the very low 
concentration of these organic acids in soils could actually bring about any significant changes 
in the rate of dissolution of soil minerals (Drever and Stillings, 1997; Jones et al., 2003). 
Although the argument might be valid in bulk soil, sufficiently higher levels of organic acid 
concentration might be expected in microenvironments such as near plant roots and fungal 
hyphae-rhizosphere area (Drever and Stillings, 1997). 
The effect of LMWOA on mineral weathering can be explained by at least three 
mechanisms (Drever and Stillings, 1997). These are: (1) by changing the dissolution rate so 
that the species are no longer in equilibrium through decreasing solution pH or forming surface 
complexes through adsorption on mineral surfaces; (2) by altering the saturation concentration 
of the solution with respect to the mineral; and (3) by affecting the speciation of elements in 
solution (e.g., Al) that, in turn, affect the mineral dissolution rate. 
Most studies on the effects of LMWOA on metal mobilization and/or mineral 
dissolution have used concentrations of organic acids much higher than commonly found in 
soil solutions and natural waters (usually > 1 mM) and often reaction pH was not controlled 
(Jones, 1998; Zhang and Bloom, 1999). On the other hand, the relationship between LMWOA 
and rhizosphere acidification is not a completely understood phenomenon (Dakora and 
Phillips, 2002). Hydrogen ion exuded from roots and extremely elevated levels of CO2 in the 
rhizosphere could be responsible for the acidification rather than organic acids themselves 
(Dakora and Phillips, 2002). 
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Mycorrhizal Fungi in Rhizosphere and their Role in Mineral Dissolution 
Mycorrhizal associations - a symbiosis between plants and fungi, are one of the oldest known 
forms of symbiosis between higher plants and fungi in terrestrial ecosystems which hold both 
agricultural and environmental significance. In a mycorrhizal association, the fungus extends 
into a root or rhizoid and outwards into the surrounding substrate resulting in the fungus 
acquiring reduced carbon from the host plant and in turn provides soil resources to the plant 
(Allen et al., 2003). The two main types of mycorrhizae are "endomycorrhizae" where the 
fungus colonizes the interior of host plant cells (e.g., ericoid and arbuscular mycorrhizae) and 
"ectomycorrhizae" where the fungus is located outside the root cells of the host plant (Gadd, 
2010). 
Mycorrhizal fungi are ubiquitous in terrestrial ecosystems. For example, arbuscular 
mycohrrizal fungi (AMF) belonging to the Glomales genius are known to form symbiotic 
association with roots of 80-90% of land plants in natural and agricultural ecosystems 
(Brundrett, 2002). Mycorrhizal hyphae are more efficient at exploring the soil volume than 
even fine roots (Allen et al., 2003). Therefore, plants growing in P and N deficient soils have 
generally enhanced nutrient uptake efficiency through their symbiotic relationship with AMF. 
Arbuscular mycorrhizal fungi play a very diverse role influencing the fate of metals in 
contaminated soils. While certain microbial processes dissolve metal minerals thereby 
increasing metal bioavailability and potential toxicity, others immobilize them and reduce their 
bioavailability (Fomina et al., 2005). Sayer et al. (1999) has shown that pyromorphite can be 
solubilised by organic acid produce by mycorrhizal fungi {Aspergillus niger) associated with 
the roots of higher plants, when plants are grown with pyromorphite as the only source of P. 
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Continued P uptake by plants and subsequent P deficiency is believed to enhance the 
dissolution of previously formed Pb-phosphate minerals in soils (Cao et al., 2002). On the 
other hand, a laboratory study using hydroxy-pyromorphite and anion resins to remove P from 
solution simulating P-uptake by plants indicated that pyromorphite was still stable in a P 
depleted environment (Ma, 1996). It is very clear that, however, the role of plants in mineral 
dissolution is beyond a simple P uptake. At the same time when P is absorbed by plants, other 
root exudates (e.g., organic acids) are released to the soil solution which could enhance the 
dissolution of pyromorphite. 
Soil biota, including AMF, can immobilize metals in soils through processes such as 
proton donation, complexation, chemical oxidation-reduction, and methylation (Gadd, 1993). 
AMF can fix heavy metals such as Pb and Cd via accumulation in their biomass, and hence, 
forming an efficient biological filter that reduce the uptake of metals in plant tissue (Krupa and 
Kozdoro, 1995). Such biosorption of toxic metal cations occurs primarily as a surface binding 
including ion-exchange reactions and complexation with the functional groups on the mycelia 
cell surface (Kappoor and Viraghavan, 1995). 
The other known mechanism by which AMF interact with heavy metal pollutants in 
soils is through the formation of organic-metal complexes. Biogenic formations of metal 
oxalates (e.g., Pb-oxalates, Cu-oxalates) by fungi under metal-stressed soil have been reported 
(Jarosz-Wilkolazka and Gadd, 2003; Fomina et al., 2005). These metal oxalate formations by 
AMF are identified as one mechanism by which AMF are able to tolerate high levels of metals 
in soils and provide metal tolerance to the host plant (Gadd, 1993; Jarosz-Wilkolazka and 
Gadd, 2003). 
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CHAPTER THREE 
Organic Acid-induced Release of Lead from Pyromorphite and its Relevance to 
Reclamation of Pb-contaminated Soils 
Abstract 
The long term stability of pyromorphite [Pb5(P04)3Cl] (PY) in root-soil interface (or 
rhizosphere) where production of organic acids from biological activities takes place is not 
fully understood. We conducted a one-year long laboratory batch dissolution experiment to 
elucidate the release of Pb (and P) from PY by four commonly occurring low molecular weight 
organic acids (LMWOA) in rhizosphere: acetic, citric, malic and oxalic acid. Mean maximum 
amount of Pb in milliQ (mQ) water (1.8 |iM) was lower than in solutions from LMWOA alone 
or in combination with each other (i.e., mixed acid). However, there was no significant 
difference in the amount of Pb (and P) in solution in all treatments including mQ water after 
six months. Among the 100 (iM LMWOA, mean of five highest soluble Pb (|iM Pb in 
solution) followed the order: oxalic acid (17.6) > citric (6.2) > malic (5.6) > acetic acid (3.0 
(iM Pb). Mixed acid solution had a maximum amount of 14.0 (J.M Pb. We calculated a range 
of solubility product constant (Ksp) of PY in this study from 8.6xl0"54 (mQ) to 7.0xl0"45(oxalic 
acid); these values are within the range of PY Ksp reported elsewhere. Despite the low Ksp 
values, LMWOA-induced released Pb from PY are in concentrations higher than both 
Canadian and international drinking water and agricultural water use quality standards. This 
suggests that soil organic acids such as in rhizosphere can potentially liberate Pb from PY in 
contaminated soils. 
Keywords: pyromorphite, acetic; citric; malic; oxalic; water quality 
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Introduction 
Lead contamination in soils is a significant environmental health issue worldwide. For 
example, lead poisoning is considered as the number one environmental health threat to 
children in United States (Scheckel and Ryan, 2003). Lead is one of the major toxic 
substances registered under the environmental law in Canada (CEPA, 1999), and is a primary 
environmental health problem for children in North America (Adriano, 2001; Environment 
Canada, 2002). The main sources of human exposure to Pb include air-borne Pb particles from 
emissions, use of Pb-based paints, Pb pipe lines, contaminated ground water, lead solder used 
to seal food cans, and fruits and vegetables grown on contaminated soils. 
In the clean up of metal contaminated soils, in situ stabilization method is favored by 
many environmental managers over the costly and environmentally-disruptive conventional 
soil excavation technique. In situ stabilization involves accelerated formation of relatively 
stable minerals in the soil and/or enhanced adsorption of Pb on mineral (e.g., iron oxides) 
surfaces and hence, decreasing metal bio-availability. Formation of pyromorphite (PY), a 
presumably stable lead-phosphate [PbstPO^Cl] mineral in contaminated soils, by adding P is 
a major focus of interest in the area of in situ stabilization of Pb-contaminated soils (Adriano, 
2001; Hettiarachchi, et al., 2001). Various estimates of Ksp of PY are 10~844 (Nriagu, 1973), 
10-25.05 ( L i n d s a y 5 2001), 10"2404 (Yang et al., 2001) and 10~1869 (Scheckel and Ryan, 2002). 
The discrepancy in the reported Ksp values of PY is mainly attributed to differences in reactions 
pH as the dissolution of PY is highly dependent on the dissociation of P (Scheckel and Ryan, 
2002). 
Phosphorus addition to bind Pb is one of the best management practices suggested by 
the US Environmental Protection Agency for Pb-contaminated soils (Chrysochoou et al., 
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2007). Previous laboratory studies showed that using hydroxypyromorphite and anion resins to 
remove P from solution to simulate P-uptake by plants indicated that PY was still stable in P 
depleted environments as well (Ma, 1996). However, the formation of PY in soil systems 
often can be incomplete because of factors such as ion competition to the added P, adsorption 
to solid phases and Pb/P chelation with dissolved organic carbon that reduce the formation of 
PY (Lang and Kaupenjohann, 2003; Ryan et al., 2004; Hashimoto et al., 2009). For example, 
Hashimoto et al. (2009) reported that 70% of Pb species was not immobilized as PY when 
phosphate was added in Pb-contaminated soil. 
While several studies have shown that PY is a fairly stable Pb-mineral in bulk soil, very 
little is known as to the long term stability in the rhizosphere zone (or root-soil interface) 
where intense interactions between PY with roots, soil minerals, microbes, and root exudates 
including low molecular weight organic acids (LMWOA) are expected (Scheckel and Ryan, 
2002; Zwonitzer et al., 2003; Adriano et al., 2004). Aspergillus niger, an organic-acid 
producing fungus, can dissolve PY while rye grass can take up P and Pb from PY if it is the 
sole source of P (Sayer et al., 1999). Oxalic acid produced by fungi promotes efficient ligand-
promoted Pb mobilization (Fomina et al., 2004). The concentrations of LMWOA in 
rhizosphere soil are considered to be significantly higher than in bulk soil solution (Jones, 
1998; Shen et al., 1996; Strobel, 2001). While Jones (1998) has suggested 10-100 u.mol L"1 
soil solution as a realistic estimate for the concentration of most LMWOA in the rhizosphere 
soil, other workers have reported as low as 0.9 nmol L"1 oxalic acid (Tuason and Arocena, 
2009) to as high as 4.7 mmol L"1 citric acid (Dinkelaker et al., 1989). Cao et al. (2002) 
reported that continuous P consumption by plants may cause decomposition of the pre-formed 
Pb-P minerals. However, there is inadequate research to demonstrate the long-term stability of 
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PY under continuous plant growth. Current knowledge on the fate Pb (and P) immobilized as 
PY in the rhizosphere region is also limited and inconclusive. 
This study was conducted to understand the behavior of PY in rhizosphere soils when 
subjected to various LMWOA commonly-found in root-soil interface. In particular, the 
objective of this work was to compare the release of Pb (and P) from synthetic PY in 
laboratory conditions when subjected to, acetic, citric, malic and oxalic acids at concentrations 
expected in soils to simulate the fate of immobilized Pb (and P) in rhizosphere soils. These 
LMWOAs were judiciously selected because of their ubiquity in soil systems (Ryan et al., 
2001; Jones et al. 2003). We discussed the implications of Pb (and P) release with respect to 
remediation of Pb-contaminated soils. 
Materials and Methods 
Synthesis of pyromorphite 
PY was synthesized under ambient laboratory conditions following the method by Scheckel 
and Ryan (2002). PY was obtained by reacting 0.5 M Pb(N03)2 with 0.3 M H3PO4 and 0.1 M 
NaCl solution in a 4-L beaker. The solution was continuously mixed while the phosphoric acid 
was added slowly to the Pb(NC»3)2 and NaCl solution. Nitrogen purging to minimize the 
formation of PbC03 as suggested in the previous method was not necessary here because lead 
carbonate will transform to PY in the presence of available phosphorous (Zhang and Ryan, 
1999; Melamed et al., 2003). The formation of PY was almost instant where a white 
precipitate formed while the phosphoric acid was added. The reaction product was left to age 
for 3 d and the precipitated PY was collected by centrifugation. The aging process was 
considered sufficient for the dissolution reaction as previous work demonstrated that there was 
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no significant difference in dissolution pattern between PY aged from 1 d to 1 year (Scheckel 
and Ryan, 2002). The residual PY was further washed several times with MilliQ (mQ) water to 
remove any unreacted excess Pb, P, and CI. The final washed product was freeze-dried and 
stored in - 4° C until used in the dissolution experiments. 
Characterization of synthetic pyromorphite 
Chemical purity of the synthesized PY was determined by elemental analysis using inductively 
coupled plasma mass spectroscopy (ICP-MS) after a total acid microwave digestion procedure. 
Powder XRD investigation of the synthesized PY was conducted using a Bruker D8 Discover 
with GADDS system with Co Ka radiation generated at 40 kV and 20 mA. Integrated EVA 
software (SOCABIM, 2001) was used to calculate major XRD peaks to establish the mineral 
identity of the synthetic materials. A similar procedure was applied to the residual materials 
collected at the end of dissolution experiments to understand any crystal alteration of PY due to 
organic acids. The surface morphology of synthetic PY before and after dissolution was 
studied under a Philips XLS 30 Scanning Electron Microscope (SEM). 
Batch dissolution of pyromorphite with organic acids 
Prior to the dissolution experiments, a 10-d pre-weathering of PY was conducted in mQ water 
to remove ultra fine particles that may influence the rates of dissolution patterns (Robarge, 
1999; Zhang and Bloom, 1999). Batch dissolution of PY was conducted using 100 and 50 |iM 
of acetic, citric, malic and oxalic acids for a period of one year. A 50 |jJVI mixed acid treatment 
was also included to mimic the effects of the coexistence of these acids in the natural 
environment and dissolution in mQ was used as control. The LMWOA solutions were 
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prepared in a 0.01 M NaN03 solution as background electrolyte and four drops of chloroform 
was added to prevent microbial degradation of the organic acids. Initial pH values of solutions 
used in the dissolution reaction were: mQ = 5.7, oxalic (100 |0,M = 3.9, 50 jiM = 4.1), citric 
(100 \JM = 4.0, 50 \M = 4.4), acetic (100 |iM = 4.5, 50 [iM = 4.9), malic (100 (iM = 4.1, 50 
|xM = 4.5) and 50 jiM mixed acid = 3.6. A major pH change was not expected between initial 
and final pH of the solutions (Scheckel and Ryan, 2002). 
We used acid washed 40 mL high-density polyethylene centrifuge tubes into which 0.3 
g of the 10-d pre-weathered PY and 30 mL of mQ or acids were added. The experiment was 
conducted at ambient room temperature and pressure conditions (~ 20° C and 101.3 kPa). The 
tubes were kept in covered boxes to minimize light, and mixtures were gently shaken on a 
horizontal shaker for 2 h weekly (or proportionate periods for short-term dissolution times) and 
just before the end of the experiment. At the end of each dissolution period, which ranged 
from 30 min to one year, tubes were centrifuged at high speed (104 rpm) for 10 min and the 
clear supernatant was then carefully filtered using Whatman # 42 filter paper. Supernatant 
solutions were acidified with 2% HNO3 and stored at 4 °C for analysis. Pb and P in solution 
were determined by ICP-MS method. The residual PY at the end of the dissolution experiment 
was washed 5 times with mQ water, freeze-dried and analyzed using XRD and SEM for any 
mineral alterations and/or morphological changes 
Statistical analysis 
Statistical analysis (ANOVA) and least significant difference (LSD) comparison was 
conducted to compare the dissolution of PY in mQ water and LMWOA using the 5 highest 
concentrations of Pb and P in mQ water and 4 acids. These values were selected to represent 
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the highest potential for the dissolution (or mobilization) of Pb (and P) from PY by LMWOA 
at concentrations used in the experiment. 
Results 
Identity and morphology of synthetic pyromorphite 
Lead and P contents showed stoichiometric ratio (Pb:P) of 1.67 and confirmed the chemical 
purity of the synthesized PY. Scanning electron micrographs and X-ray diffractograms 
revealed that synthetic material was mono-mineralic PY with small (0.5-1.0 |j,m) tabular and 
columnar morphology that tends to aggregate into a large (2.0-6.0 (im) reniform (i.e., kidney-
like) crystal habit (Fig. la). The strong XRD reflections (in nm) at 0.295, 0.298, 0.288, 0.327 
and 0.412 perfectly matched the diagnostic peaks for pyromorphite (PDF 84-2045) in the PDF-
2 Data Base (JCPDS-ICDD, 2001) (Fig. 2). After the 10-d pre-weathering period, we observed 
a reduction in the amount of small-sized PY (Fig. lb). 
Lead in mQ water, 50 and 100 uM organic acids 
The amount of Pb released into solution during the one-year batch dissolution experiments 
using mQ water and LMWOA revealed the higher amounts of Pb in LMWOA compared to 
mQ water (Fig. 3). Throughout the experiments, Pb in mQ water fluctuated from 0.8 to 2.0 
|iM Pb (mean = 1.4 |iM Pb) and was lower than the four LMWOA alone at 50 and 100 |iM or 
in combination with each other (i.e., mixed acid). Among 100 (iM LMWOA, the mean of the 
5 highest amounts of Pb (|iM Pb) in solutions followed the order: oxalic acid (17.6) > citric 
(6.2) > malic (5.6) > acetic acid (3.0) (Table 3). The trend in amounts of soluble Pb was 
similar for the 50 uJVI LMWOA treatments although the values were less than those extracted 
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Figure 1. Scanning electron micrograph of the synthetic pyromorphite used in the study (a) 
before, (b) after 10-day pre-weathering, and (c) 6-months after treatment with oxalic 
acid. 
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(JCPDS-ICDD, 2001). There were no detectable changes to pyromorphite after 1- year 
dissolution experiments with acetic, citric, and oxalic acids. 
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at 100 uM LMWOA. The 50 fiM mixed acid dissolved a maximum amount of 14.0 |iM Pb 
(Table 3). Soluble Pb in all LMWOA solutions exhibited high concentrations at early stages of 
dissolution followed by periods of low soluble Pb concentrations comparable to mQ water 
towards the end of the experiments. Mean values for the 5 maximum soluble Pb contents 
observed in 50 uJVI acetic, citric, malic and 100 U.M acetic were higher (but not statistically 
different) than mQ water (Table 3). 
Table 3. Mean (and standard error) maximum soluble Pb and P (fiM) in mQ water and four 
low molecular weight organic acids at 50 |iM and 100 |0.M concentrations. 
mQ water Acetic Citric Malic Oxalic Mixed 
Lead (^ iM Pb) 
mQ 1.8(0.5)a . . . . 
50 U.M - 2.0(0.3)a 3.3 (0.5)a 3.3 (0.3)a 8.6 (0.7)b 14.0(1.2)c 
100 uM - 3.0(0.2)a,d 6.2 (0.8)d 5.6 (0.6)d 17.6(1.9)e 
11.4 (l.l)c 5.8(0.7)b,d 11.4(0.9)c 19.6(1.9)e 
12.7(1.4)c 8.1(0.7)d 21.9(1.0)e 
Phosphorus (pM P) 
mQ 1.1 (0.3)a 
5 0 UJVI 
100 uM 
Molar Ratio (Pb:P) 
mQ 1.6 
50 uM 
100 UJVI 
-
2.9 (0.6)a 
4.0 (0.6)b 
0.7 
0.8 
-
. (1 
 
0.3 
0.5 
0.6 0.8 0.7 
0.7 08 -
For each element, means followed by same letters are not significantly different (p > 0.05, n=3) 
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In all treatments including mQ water, Pb in solution after six months was not 
significantly different between the different samples. However, concentrations of Pb in 
LMWOA solutions approached the values for mQ water at different dissolution periods. Lead 
in citric, acetic and malic acids at 50 and 100 uJVI solutions were similar to Pb in mQ water 
after ~ 10 d while Pb in solution intersected the line for mQ water at 30 d and 6 months for 50 
and 100 |oM oxalic acid, respectively (Fig. 3). For the mixed acid solution, Pb in solutions was 
similar to mQ water after 120 d. 
Phosphorus in water and 50 and 100 |iM organic acids 
Soluble P in mQ water and solutions of LMWOA throughout the dissolution experiments 
ranged from < 1.0 to as high as 35 fxM P. Comparison of means of 5 highest amounts of 
soluble P (uJVI P) in 4 LMWOA at two concentrations followed the trend 100 \iM oxalic (21.9) 
> mixed acid (19.6) > 100 uM citric (12.7) > 50 uJVI oxalic = 50 uM citric (11.4) > 100 uM 
malic (8.1) > 50 ^M malic (5.8) > 100 uM acetic (4.0) > 50 uM acetic (2.9) (Table 1). 
Organic acids consistently contained higher soluble P than mQ treatment up to a certain 
extraction time period (30 d to 6 months) depending on LMWOA. The time periods to attain 
similar concentrations of soluble P between LMWOA and mQ water were: -10 d for acetic, 
citric and malic at both 50 and 100 uJVI solutions, and 30 and 180 d for oxalic acid at 50 and 
100 |iM solutions, respectively. In addition, soluble P liberated by the mixed acid solution was 
comparable to the sum of individual acids. 
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Figure 3. Soluble Pb in mQ water and 50 and 100 pM solutions of oxalic, citric, acetic, and 
malic acids during the 1-year dissolution period. DWG = Drinking Water Guideline. 
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Changes to mineral composition and morphology of pyromorphite after one-year 
dissolution 
We could not detect any change to the mineral, morphological and surficial properties of PY 
after the one-year dissolution period using XRD and SEM techniques. The PY still exhibited 
the reniform crystal habit for all LMWOA and mQ treatments (Figs, lb and lc) and X-ray 
diffractograms were not different to PDF 84-2045 identified earlier as the starting material at 
the beginning of the experiment (Fig. 2). 
Discussion 
Dissolution of pyromorphite in mQ water and LMWOA 
Soluble Pb (0.8-2.0 |iM Pb) in mQ water during the duration of a one-year dissolution 
experiments is in agreement with Nriagu (1973) who reported soluble Pb concentrations from 
0.965 to 1.090 jxM total Pb in water in equilibrium with PY. Others reported a range of values 
from a low 183 ixM Pb at pH 6.0 to as high as 1.8 mM Pb at pH 2.0 in HN03 solution 
(Scheckel and Ryan, 2002). Differences in solubility of PY at various pH are due to pH-
regulated dissociation of H3PO3 and eventually the Ksp for PY (Scheckel and Ryan, 2002). 
Using a simplified Eq. 1 to describe the stoichiometric dissolution of PY in mQ water and with 
the assumption that [Pb2+] equals the measured soluble Pb, then the Ksp of PY used in this 
study is 8.6 x 10"54. Previously reported Ksp lies between 10 ~18 69 (Scheckel and Ryan, 2001) 
and 10"844 (Nriagu, 1973). 
Again using Eq. 1 and assumptions similar to above calculations, we estimated the 
dissolution of PY in each LMWOA at 100 and 50 |iM, respectively as follows: 8.5 x 10"52 and 
2.2 x 10"53 (acetic), 5.8 x 10"49 and 2.0 x 10"51 (citric), 2.3 x 10"49 and 2.0 x 10"51 (malic), and 
7.0 x 10"45 and 1.1 x 10"47 (oxalic). 
Pb5(P04)3Cl^5Pb2++3P043~+Cl' (1) 
The high amounts of Pb released by LMWOA especially in the early stage of 
dissolution can be attributed to the ability of organic acids to chelate metals. Chelate formation 
is chemically favored because it increases the entropy by displacing the hydration shells around 
the metal ion (i.e., Pb2+) (McBride, 1994). Organic acids supply both protons and metal 
complexing anions to mobilize metal ions (e.g., Pb2+) and facilitate mineral weathering (e.g., 
pyromorphite) (Shen et al., 1996; Jones, 1998; Banfield et at., 1999; Strobel, 2001; Jarosz-
Wilkolazka and Gadd, 2003; Jones et al., 2003; Gadd, 2004). Drever and Stillings (1997) 
proposed at least three mechanisms by which LMWOA governs mineral breakdown in soils: 
(1) to induce dissolution rate by decreasing solution pH or forming surface complexes through 
adsorption on mineral surfaces; (2) to alter saturation state of the solution with respect to 
minerals; and (3) to influence speciation of elements in solution. 
The range in Pb:P molar ratios (1.6 in mQ and 0.3-0.8 in LMWOA) suggests that while 
the dissolution of PY in mQ is stoichiometric, other mechanisms control the dissolution in the 
presence of organic acids. We hypothesize that PY in the presence of LMWOA initially 
follows a non-stoichiometric dissolution through the formation Pb-organic surface sorption 
complexes (Drever and Stillings, 1997), hence preferentially increasing P in solution. As the 
dissolution progresses, however, dissolution in LMWOA approaches that of mQ (Figure 3) 
with higher Pb:P molar ratio (1.2 , data not shown) compared to the initial period. This 
suggests with time previously formed Pb-organic surface complexes may no longer exist, Pb is 
liberated in solution, and the equilibrium is approaching PY in mQ. Although the exact 
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mechanism is not known to us at this time, we believe that the degradation of the organic 
ligands with time is likely to be the responsible for the suspected disappearance of Pb-organic 
complexes. 
Recently, oxalic acid excreted by the fungus Beauveria caledonica has been reported to 
form complexes such as Pb-oxalate, Cu-oxalate hydrate and Zn-oxalate dihydrate (Fomina et 
al., 2005). Although surface adsorption of Pb and formation of secondary Pb-mineral are 
theoretically plausible, XRD and SEM data revealed no detectable structural, mineralogical 
changes to PY as well as the formation of Pb-oxalate throughout the dissolution period; these 
observations are in agreement with Scheckel and Ryan (2002) and Xie and Giammar (2007). 
In addition, it seems that the nature (and concentration) of each LMWOA results in a 
different affinity to form surface complexes and eventually determines the amount of Pb in 
solution. McBride (1994) described pH as the "master variable" controlling the metal 
hydrolysis and complexation including chelate formation. In our study, LMWOA solutions 
with pH < 4.5 had significantly higher soluble Pb than mQ water (pH = 5.6) and LMWOA 
solutions with pH > 4.5 (100 |LiM acetic acid, and 50 |0,M acetic and malic acids). Solution pH 
strongly influences the activities of metal (i.e., Pb2+) and the de/protonation of LMWOA, thus 
the availability of ligands. However, solution pH alone cannot explain the dissolution patterns 
observed in this study. For example, 50 |iM oxalate acid extracted more Pb than the 100 |iM 
malic acid solution at the same initial pH. Solution pH may be a contributing factor in the 
dissolution of PY but specific affinity of LMWOA for Pb seemed to be a major driving factor 
in PY dissolution in this study. In rhizosphere soils, these acids occur simultaneously and may 
synergistically increase Pb release from PY as observed in 50 |iM mixed acid solution 
compared to individual 50 |LiM LMWOA solutions. 
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Implications to the reclamation of Pb-contaminated soils 
The continuous production of LMWOA in rhizosphere soils will subject PY to several 
dissolution reactions that may lead to possible release of Pb into the environment. LMWOA 
are exuded by plants and soil microorganisms during the decomposition of organic matter (e.g., 
Jones, 1998; Banfield et al., 1999; Sterflinger, 2000; Vivanco et al. 2002). Oxalic and acetic 
acid are known to occur in soils with higher concentrations in the rhizosphere compared to 
bulk soils (e.g., Fox and Comerford, 1990; Ryan et al., 2001; Strobel, 2001; Jones et al., 2003; 
Tuason and Arocena, 2009). The ubiquity of LMWOA in soils will release Pb from PY at 
higher concentrations than mQ water as long as soil organisms are active inhabitants of the 
soils. 
Soluble Pb released in mQ water and LMWOA are higher than in both the Canadian 
and international drinking water quality standard (0.05 |iM Pb) and the Canadian guideline for 
agricultural water use (0.48 |J,M Pb and 0.96 (iM Pb for livestock and for irrigation water use, 
respectively) (CCME, 2005; Federal-Provincial-Territorial Committee on Drinking, 2008; 
WHO, 2008). For example, Pb released by 100 uJVI oxalic acid (17.6 |iM Pb) > 350 times the 
Canadian standard for drinking water while the Pb released in 50 |iM acetic acid > 40 times 
more. Soluble Pb in 50 |iM mixed acid solution was above the Canadian drinking water 
quality standard by a factor of at least 250. 
Other environmental concerns include potential P efflux to groundwater and 
eutrophication of water bodies because the P added to form PY far exceeds amounts typically 
used for agricultural purposes (Singh et al., 2001; Chen et al., 2003; Pierzynski and Gehl, 
2004). The amounts of P released in the LMWOA solutions are much higher compared to mQ 
water and may potentially contribute to eutrophication. However, the high P released in the 
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LMWOA solution may benefit organisms in Pb-contaminated soils because P is one of the 
three major elements needed by plants and soil organisms along with N and K. 
Although Pb and P are released from PY reactions with LMWOA, the environmental 
fate of liberated Pb and P is subject to other processes in soils. Soluble Pb and P can adsorb on 
soil colloids (e.g., negative and positive-charged soil organic matter) as well as chemisorb on 
the surface of oxides and oxyhydroxides. Studies have shown that PY formation in soil can be 
inhibited by the presence of dissolved organic carbon (Lang and Kaupenjohann, 2003) and 
organic matter (Hashimoto et al., 2009) through organo-metal complex formation. It can be 
argued that even if LMWOA results in higher release of Pb and P from PY, the fate of liberated 
Pb and P faces many complex processes (e.g., organo-metal complex formation) before they 
become bioavailable. In other words, the dissolution of PY in natural soil systems and 
particularly in rhizosphere soil is much more complex than it is presented in a batch dissolution 
experiment, and therefore, our results are limited to just a few aspects of many complex 
processes in the environment. 
Conclusions 
We conclude that LMWOA are able to release more Pb from PY than mQ water alone. One 
should be aware that under natural soil conditions, more dissolution of PY could be expected 
because several LMWOA may occur in combination with many more acids (e.g., aromatic 
acids such as benzoic, p-hydroxybenzoic and protocatechuic) which have not been studied 
here. These acids may have higher dissociation constants and may result in much higher levels 
of soluble Pb2+ released from PY than the LMWOA investigated in this study. On the other 
hand, because of the incomplete understanding of the nature of soluble Pb (and P) and 
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interaction with complex solid phases, care should be taken in the interpretations of our results 
to assess the use of P amendment in remediation Pb contaminated soils. 
Acknowledgements 
This research was supported by the Canada Research Chair Program and the Natural Sciences 
and Engineering Research Council of Canada. We would like to thank A. Esler and Q. Wu for 
their assistance in ICP analyses. 
References Cited 
Adriano, D.C. 2001. Trace Elements in Terrestrial Environments: Biogeochemistry, 
Bioavailability, and Risks of Metals. 2nd Ed. Springer-Verlag, New York. 
Adriano, D.C, Wenzel, W.W., Vangronsveld, J., and Bolan, N.S. 2004. Role of assisted 
natural remediation in environmental cleanup. Geodrema, 122: 121-142. 
Banfield, J.F., Baker, W.W., Welch, S.A., and Taunton, A. 1999. Biological impact on mineral 
dissolution: application of the lichen model to understanding mineral weathering in the 
rhizosphere. Proceedings of the National Academy of Sciences USA, 96: 3404-3411. 
Cao, X., Ma, L.Q., Chen, M., Singh, S.P., and Harris, W.G. 2002. Impacts of phosphate 
amendments on lead biogeochemistry at a contaminated site. Environmental Science & 
Technology, 36: 5296-5304. 
CCME (Canadian Council of Ministers of the Environment). 2005. Canadian Water Quality 
Guidelines for the Protection of Agricultural Water Uses: Summary Table (updated 
October 2005). Canadian Council of Ministers of the Environment, Winnipeg. 
CEPA (Canadian Environmental Protection Agency), 1999. Canadian Environmental 
Protection Act, 1999. Minister of Justice. [Online resource] http://laws-
lois.justice.gc.ca. [accessed: February 2010]. 
60 
Chen, M., Ma, L.Q., Singh, S.P., Cao, R.X., and Melamed, R. 2003. Field demonstration of in 
situ immobilization of soil Pb using P amendments. Advances in Environmental 
Research, 8: 93-102. 
Chrysochoou, M., Dermatas, D., and Grubb, D.G. 2007. Phosphate application to firing range 
soils for Pb immobilization: The unclear role of phosphate. Journal of Hazardous 
Materials, 144: 1-14. 
Dinkelaker, B., Romheld, V., and Marschner, H. 1989. Citric acid excretion and precipitation 
of calcium citrate in rhizosphere of white lupin (Lupins albus L.). Plant Cell 
Environment, 12: 285-292. 
Drever, J.I., and Stillings, L.L. 1997. The role of organic acids in mineral weathering. Colloids 
and Surfaces A: Physiochemical and Engineering Aspects, 120: 167-181. 
Environment Canada. 2002. Children's Environmental Heath. Envirozine (Environment 
Canada's On-line Newsmagazine) Issue 20, Feature 2. [Online resource] 
http://www.ec.gc.ca/EnviroZine/english/issues/20/feature2_e.cfm. [accessed February 
2010]. 
Federal-Provincial-Territorial Committee on Drinking Water, 2008. Guidelines for Canadian 
Drinking Water Quality Summary Table. Federal-Provincial-Territorial Committee on 
Health and the Environment. [Online resource] http://www.hc-sc.gc.ca/ewh-
semt/pubs/water-eau/sum_guide-res_recom/index-eng.php. [accessed February 2010]. 
Fomina, M.A., Alexander, I.J., Hillier, S., and Gadd, G.M. 2004. Zinc phosphate and 
pyromorphite solubilization by soil plant-symbiotic fungi. Geomicrobiolgy Journal, 21: 
351-366. 
Fomina, M., Hillier, S., Charnock, J.M., Melville, K., Alexander, I.J., and Gadd, G.M. 2005. 
Role of oxalic acid overexcretion in transformations of toxic metal minerals by 
Beauveria caledonica. Applied Environmental Microbiology, 71: 371-381. 
Fox, T.R., and Comerford, N.B. 1990. Low-molecular-weight organic acids in selected forest 
soils of the southeastern USA. Soil Science Society of America Journal, 54: 1139-1144. 
61 
Gadd, G.M. 2004. Microbial influence on metal mobility and application for bioremediation. 
Geoderma, 122: 109-119. 
Hashimoto, Y., M., Takaoka, M., Oshita, K., and Tanida, H. 2009. Incomplete transformations 
of Pb to pyromorphite by phosphate-induced immobilization investigated by X-ray 
absorption fine structure (XAFS) spectroscopy. Chemosphere, 76: 616-622. 
Hettiarachchi, G.M., Pierzynski, G.M., and Ransom, M.D. 2001. In situ stabilization of soil 
lead using phosphorous. Journal of Environmental Quality, 30: 1214-1221. 
JCPDS-ICDD. 2001. PDF-2 Data Base (Sets 1-51 plus 70-89) JCPDS - International Centre for 
Diffraction Data. Newtown Square, PA. 
Jarosz-Wilkolazka, A., and Gadd, G.F. 2003. Oxalate production by wood-rotting fungi 
growing in toxic metal-amended medium. Chemosphere, 52: 541-547. 
Jones, D.L. 1998. Organic acids in the rhizosphere - a critical review. Plant and Soil, 205: 25-
44. 
Jones, D.L., Dennis, P.G., Owen, A.G., and van Hees, P.A.W. 2003. Organic acid behavior in 
soils-misconceptions and knowledge gaps. Plant and Soil, 248: 31-41. 
Lang, F., and Kaupenjohann, M. 2003. Effect of dissolved organic matter on precipitation and 
mobility of the lead compound chloropyromorphite in solution. European Journal of 
Soil Science, 54:139-148. 
Lindsay, W.L. 2001. Chemical Equilibria in Soils. 2nd Ed. The Blackburn Press, New Jersey. 
Ma, L.Q. 1996. Factors influencing the effectiveness and stability of aqueous lead 
immobilization by hydroxyapatite. Journal of Environmental Quality, 25: 1420-1429. 
McBride, M.B. 1994. Environmental Chemistry of Soils. Oxford University Press, New York. 
62 
Melamed, R., Cao, X., Chen, M., and Ma, L.Q. 2003. Field assessment of lead immobilization 
in a contaminated soil after phosphate application. Science of the Total Environment, 
305: 117-127. 
Nriagu, J.O. 1973. Lead orthophosphates-II. Stability of chloropyromorphite at 25° C. 
Geochimica et Coscmochimca Acta, 37: 367-377. 
Pierzynski, G.M., and Gehl, K.A. 2004. An alternative method for remediating lead-
contaminated soils in residential areas: A decision case study. Journal of Natural 
Resources and Life Sciences Education, 33: 63-69. 
Robarge, W.P. 1999. Precipitation/dissolution reactions in soils. In: Sparks, D. (Ed.) Soil 
Physical Chemistry (pp 193-238). CRC Press, Boca Raton. 
Ryan, P.R., Delhaize, E., and Jones, D.L. 2001. Function and mechanism of organic anion 
exudation from plant roots. Annual Review of Plant Physiology and Plant Molecular 
Biology, 52: 527-560. 
Ryan, J.A., Scheckel, K.G., Berti, W.R., Brown, S.L., Casteel, S.W., Chaney, R.L., Hallfrisch, 
J., Doolan, M., Grevatt, P., Maddaloni, M., and Mosby, D. 2004. Reducing children's 
risk from lead in soil. Environmental Science & Technology, 38: 19A-24A. 
Sayer, J.A., Cotter-Howells, J.D, Watson, C , Hillier, S., and Gadd, G.M. 1999. Lead mineral 
transformation by fungi. Current Biology, 9: 691-694. 
Scheckel, K.G., and Ryan, J.A. 2002. Effects of aging and pH on dissolution kinetics and 
stability of chloropyromorphite. Environmental Science & Technology, 36: 2198-2204. 
Scheckel, K.G., and Ryan, J.A. 2003. In vitro formation of pyromorphite via reaction of Pb 
sources with soft-drink phosphoric acid. Science of the Total Environment, 302: 253-
265. 
Shen, Y., Strom, L., Jonson, J., and Tyler, G. 1996. Low-molecular organic acids in the 
rhizosphere soil solution of beech forest (Fagus sylvatica L.) Cambisols determined by 
ion chromatography using supported liquid membrane enrichment technique. Soil 
Biology and Biochemistry, 28: 1163-1169. 
63 
Singh, S.P., Ma, L.Q., and Harris, W.G. 2001. Heavy metal interactions with phosphatic clay: 
sorption and desorption behavior. Journal of Environmental Quality, 30: 1961-1968. 
SOCABIM. 2001. EVA Application 7.01. Bruker AXS, Madison, WI. 
Sterflinger, K. 2000. Fungi as geologic agents. Geomicrobiology Journal, 17: 97-124. 
Strobel, B.W. 2001. Influence of vegetation on low-molecular-weight carboxylic acids in soil 
solution- a review. Geoderma, 99: 169-198. 
Tuason, M., and Arocena, J.M. 2009. Root organic acid exudates and properties of 
rhizospheres of white spruce (Picea glauca) and subalpine fir {Abies lasiocarpa). 
Canadian Journal of Soil Science, 89: 287-300. 
Vivanco, J.M., Guimara~ es, R.L., and Flores, H.E. 2002. Underground plant metabolism: the 
biosynthetic potential of roots. In: Waisel, Y., Eshel, A., Kafkafi, U. (Eds.), Plant 
Roots: The Hidden Half (pp 1045-1070). Marcel and Dekker, New York. 
WHO (World Health Organization). 2008. Guidelines for Drinking Water Quality. Third ed., 
Incorporating the First and Second Agenda. Volume 1, Recommendations. World 
Health Organization, Geneva. 
Xie, L., and Giammar, D.E. 2007. Equilibrium solubility and dissolution rate of lead phosphate 
chloropyromorphite. Environmental Science & Technology, 41: 8050-8055. 
Yang, J., Mosby, D.E., Casteel, S.W., and Blanchar, R.W. 2001. Lead immobilization using 
phosphoric acid in smelter-contaminated urban soils. Environmental Science & 
Technology, 35: 3553-3559. 
Zhang, H., and Bloom, P.R. 1999. Dissolution kinetics of hornblende in organic acid 
solutions. Soil Science Society of America Journal, 63: 815-822. 
Zhang, P.C., and Ryan, J.A. 1999. Transformation of Pb(II) from cerrusite to 
chloropyromorphite in the presence of hydroxyapatite under varying conditions of pH. 
Environmental Science & Technology, 33: 625-630. 
64 
Zwonitzer, J., Pierzynski, G.M., and Hettiarachchi, G.M. 2003. Effects of phosphorous 
additions ob lead, cadmium, and zinc bioavailability in a metal contaminated soils. 
Water, Air, & Soil Pollution, 143: 193-209. 
65 
Preface 
The following chapter is a version of a manuscript currently under review entitled: 
Debela, F., Arocena, J.M., Thring, R.W., and Whitcombe, T. (article under review). Organic 
acid inhibit formation of pyromorphite and Zn-phosphate in phosphorous amended Pb-
and Zn-contaminated soil. Journal of Environmental Management. 
(Manuscript No. JEMA-D-10-02014) 
CHAPTER FOUR 
Organic Acids Inhibit the Formation of Pyromorphite and Zn-Phosphate in Phosphorous 
Amended Pb- and Zn-Contaminated Soil 
Abstract 
Pyromorphite (PY) and some zinc phosphates (Zn-P) are sparingly soluble minerals and hence 
can immobilize Pb and Zn in contaminated soils. However, the mechanisms leading to the poor 
efficiency of PY and Zn-P formation in contaminated soils amended with P still remain 
unclear. We studied the influence of two low molecular weight organic acids (LMWOA) -
oxalic acid and citric acid and DTPA - in PY and Zn-P formation in a P-amended contaminated 
soil. Despite the high levels of metals (~ 4% Pb and 21% Zn) in the study soil, the addition of 
up to 1% inorganic P transformed only up to 37% and 17% of the total Pb and Zn to PY and 
Zn-P, respectively. Semi-quantitative estimates from a linear combination fitting of x-ray 
absorption near edge spectra (LC-XANES fitting) showed that the formation of PY decreased 
from 37% to 3% of the total Pb in the presence of oxalic acid and the addition of 1% P. The 
reduced PY formation may be associated with the increase in organic-bound Pb from 9% to 
54% and decrease in carbonate associated Pb from 42% to 12% with oxalic acid addition as 
indicated by a chemical sequential extraction (SE) technique. While the presence of citric acid 
seemed to have a less pronounced effect in PY formation, our data suggests the presence of 
both oxalic and citric acids have less effect on the efficiency of Zn-P formation. From this 
study, we conclude that the abundance of LMWOA in soil environments can be one factor 
contributing to the poor efficiency of P amendments practices to effectively immobilize Pb and 
Zn in metal contaminated soils. 
Keywords: pyromorphite; zinc-phosphates; organic acids; rhizosphere 
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Introduction 
Immobilization of Pb into pyromorphite, a presumably highly insoluble lead-phosphate 
mineral, has been recently regarded as the most environmentally friendly and economical 
option for the remediation of Pb-polluted soils and water. Pyromorphite (PY) is a 
thermodynamically stable mineral with a solubility product constant (Ksp) ranging from 10"844 
(Nriagu, 1973) to 10"24'04 (Yang et al., 2001) depending on the pH of the environment. Some 
zinc-phosphate (Zn-P) minerals are also reported to be sparingly soluble in soils (Cotter-
Howells and Capron, 1996; Lindsay, 2001). The enhanced formation of metal-phosphates such 
as PY and Zn-P is now a major in situ stabilization approach for the remediation of Pb and Zn-
contaminated soils (Adriano, 2001; Brown et al., 2005; Hettiarachchi et al., 2001; Lambert et 
al., 2007; McGowen et al., 2001). For instance, phosphorus addition to bind Pb into PY is one 
of the best management practices recommended by the US Environmental Protection Agency 
for Pb-contaminated soils (Chrysochoou et al., 2007). 
However, some uncertainties still remain when P is used to immobilize Pb and Zn in 
contaminated soils such as the poor efficiency of PY and Zn-P formation after P amendment. 
While the formation of PY in non-soil environments is a very simple and well studied process, 
a growing number of recent findings have demonstrated that the formation of PY in P-amended 
soils is rather a complex process and mostly incomplete. Recently, Hashimoto et al. (2009) 
reported that nearly 70% of Pb species were not transformed into PY after P amendment where 
the additional supply of P scarcely promoted the intended PY formation. Previously, Scheckel 
and Ryan (2004) reported that only up to 45% of the total soil Pb transformed to PY with the 
addition of 1% P to a Pb contaminated soil. Incomplete formation of PY has significant 
implications to the economics and environmental consequences of P addition to sequester Pb 
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and Zn in contaminated soils. Excess P may leach into the groundwater and eventually into 
lakes and river to trigger eutrophication (Chen et al., 2003; Pierzynski and Gehl, 2005; Singh et 
al., 2001). 
The efficient formation of stable metal phosphates is subject to various conditions in 
soils such as soil pH, mineral composition, presence of soil organic matter (SOM), soil biota 
and other environmental parameters. For example, acidic environments are known to enhance 
the formation of PY (Zhang and Ryan, 1999) while the presence of high amounts of SOM 
inhibits the process due to formation of SOM-Pb chelates, and SOM coatings on PY seed 
crystals that prevent further PY synthesis (Lang and Kaupenjohann, 2003; Hashimoto et al., 
2009). The use of chelating agents (e.g., EDTA) and LMWOA in phytoremediation of metal-
contaminated soils is known to increase the availability of metals to plants (Wu et al., 2003; 
2004) and thus may enhance PY and Zn-P formation. However, LMWOA have been found to 
release Pb from synthetic PY in laboratory batch study which could imply that the abundance 
of LMWOA in soil environments may have rather negative effects in the formation of PY in P-
amended soils (Debela et al., 2010). The presence of more than one contaminant (e.g., Pb and 
Zn) can decrease the stabilization efficiency of metal due to complementary ion competition ( 
Kumpiene et al., 2008; Ownby et al., 2005; Raicevic et al., 2009). Another factor that may 
retard the formation of PY and Zn-P is the presence of high amounts of Fe and Mn oxides 
containing active sorption sites that compete with Pb for any available P (Hashimoto et al., 
2009). 
This study was conducted to understand the effect of some selected organic acids that 
may affect the efficiency of the formation of PY and Zn-P upon the addition of P to a highly Pb 
and Zn-contaminated soil. Specifically, we compared the formation of PY and Zn-P using two 
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levels of inorganic P additions with and without highly-complexing organic acids. In addition, 
we provided a semi-quantitative estimates of the formation of PY and Zn-P upon inorganic P 
addition using synchrotron-based x-ray absorption spectroscopy and sequential extraction 
procedures. 
Materials and Methods 
Phosphorus addition and incubation study 
The soil sample (SAD4) used in this study is highly contaminated with Pb and Zn due to 
mining and smelting related activities and was anonymously donated to our laboratory solely 
for research purposes. Selected physical and chemical properties of the SAD4 soil are given in 
Table 4. Upon receipt, the soil was air-dried, passed through 2-mm nylon sieve, thoroughly 
mixed and stored at room temperature until used. The incubation experiment consisted of 2 
levels of P (0.5% and 1%P, dry soil weight basis) with and without the addition of 3 organic 
acids: oxalic acid, citric acid, and diethylene triamine pentaacetic acid (DTPA). Aqueous 
mixture of respective amounts of 1 M H3PO4, the 3 organic acids at 3 mmol kg"1 soil rate and 1 
M KCl (as a chloride source to all treatments based on 3:1 P:C1 molar ratio) were added to 20 g 
of SAD4 to achieve the desired concentrations. The amounts of organic additives (i.e., DTP A, 
oxalic and citric acids) were comparable to concentrations reported in the literature on the use 
of ligands to enhance the availability of metals in soils (Wu et al., 2003; 2004). The control 
treatment was SAD4 soil with no amendments. All treatments were replicated 3 times. 
Treated samples and the control were incubated at room temperature under alternating field 
capacity (using MilliQ water) and dry conditions for 2 months to simulate a more natural 
moist-dry cycle. At the end of the incubation period, the soil pH was determined, and samples 
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were air-dried, homogenized and stored in a dry and cool room for further mineralogical and 
chemical analyses. 
Chemical and mineral characterization of soils after incubation 
A chemical sequential extraction (SE) procedure modified from the methods by Tessier et al. 
(1979) and Scheckel et al. (2005) was followed to compare the distribution of Pb and Zn before 
and after P-additions into 5 operationally-defined fractions. These are: Fl- exchangeable, F2-
carbonate bound, F3- bound to iron and manganese oxides, F4- bound to organic matter, and 
F5- residual fraction. The same procedure was also performed on the un-incubated SAD4 soil 
and a control sample with only water addition to identify any shift in Pb and Zn fractionation 
due to the incubation process. In brief, we used 1.0 g of the incubated soil and the following 
extractants were sequentially used: Fl - 1 M MgCl2, pH 7.0; F2 - 1M NaOAc adjusted to pH 
5.0 with acetic acid; F3 - 0.04 M NH2OH.HCl in 25% (v/v) HOAc; and F4 - 0.7 M NaOCl 
adjusted to pH 8.5 with HC1. At the end of each extraction period, samples were centrifuged 
(10K rpm for 5 min), and supernatant was carefully filtered through Whatman no 42 filter 
paper. The remaining solid was then washed twice with MilliQ water before continuing with 
the next extraction step and the aliquot was added to the extracted solution. After each 
filtration step, the filter paper was included in the next extraction procedure in order to 
minimize sample loss between extractions. The residual fraction (F5) was determined by 
subtracting the sum of Fl to F4 fractions from the total acid digest Pb and Zn concentrations in 
S AD4. The concentration of Pb and Zn in the extracts was determined by Inductively Coupled 
Plasma Mass Spectroscopy (ICP-MS). 
Mineralogical characterizations of the samples were conducted using X-ray diffraction 
(XRD) and scanning electron microscopic (SEM) techniques. Prior to XRD and SEM 
71 
analyses, the heavy fraction (HF) of the incubated samples was separated using 
tetrabromoethane (TBE, density = 2.98 g ml"1) to concentrate samples for efficient Pb and Zn 
minerals identification (Cotter-Howells and Caporn, 1996; Wolfe et al., 2007). For XRD 
analysis, we used a Bruker D8 GADDS® diffractometer with Co-Koc radiation generated at 40 
kV and 20 mA. Identification and semi-quantitative estimation of the minerals were achieved 
by comparison of the XRD pattern with the JCPDF Powder Diffraction Database 2 using 
EVA™ software (SOCABIM, 2001). The morphology and semi-quantitative in situ elemental 
composition of selected samples were observed using a Philips XLS 30 SEM equipped with an 
energy dispersive system (EDX) and a back-scattered electron detector. 
Speciation of inorganic Pb and Zn in soils after incubation using X-ray absorption 
spectroscopy 
X-ray absorption spectroscopy (XAS) analysis was conducted on selected samples to ascertain 
the coordination environment of the Pb and Zn atoms in the soils before and after P addition 
and quantify the formation of PY and Zn-P after treatment. Selected soil samples were ground 
to < 50 fim using a mortar and pestle and mounted on Kapton™ tape and oriented at 45° prior 
to X-ray beam exposure at the CLS 06ID-1 beamline in the Canadian Light Source (CLS), 
University of Saskatchewan synchrotron light source facility. Absorption at the Pbuii-edge 
(13035 eV) and ZnK-edge (9659 eV) were recorded using a multi-element Ge detector at 
ambient temperature. At least 3 spectra were collected from each sample. Pb and Zn foil were 
used simultaneously as references at their absorption edges. Selected standard spectra were 
either collected at CLS or obtained from elsewhere. The standard compounds used in this 
study are: PbO, PbC03, PbS04, PbS, Pb5(P04)3Cl, ZnO, ZnC03, ZnS04, ZnS and 
Zn3(P04)2.xH20 (Zn-P). These standards were selected because they are reported elsewhere to 
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represent major inorganic Pb and Zn species in soils around the world contaminated with Pb 
and Zn from mining and smelting related activities (Hashimoto et al., 2009; Manceau et al; 
1996; Nachtegaal et al., 2005; Ostergren et al., 1999; Scheckel and Ryan, 2004). Due to time 
limitation no organic Pb and Zn compounds were included as reference materials in this study. 
The collected spectra for each sample and reference compound were averaged, 
normalized and the background was removed by spline-fitting using WinXAS 3.1 software 
package (Ressler, 2009). The x-ray absorption near edge spectroscopy (XANES) region; 100 
eV range for Pb and 200 eV range for Zn enclosing their respective absorption edge, was then 
extracted from the entire spectrum to quantitatively estimate the speciation of Pb and Zn in 
SAD4 before and after incubation using linear combination (LC)-XANES fitting module 
(Ressler, 2009). The LC-XANES fitting process was conducted in a step wise fashion where 
all reference compounds were included initially and the fitting continued by removing non-
significant references (components amounting < 1 % composition) at each step and until there 
was no improvement in the residual (R-factor) of the fit. Although the technique is robust, we 
regard the estimates as semi-quantitative because mixtures of known composition were not 
used in the analysis and the lack of organic Pb and Zn references that might have some minor 
contribution to the overall result of the speciation. 
Statistical analysis 
We conducted a two-way ANOVA to determine any interaction effect between the different 
phosphate levels and organic acids addition on the 5 operationally defined fractions of Pb and 
Zn from the chemical SE procedure. A further pair-wise mean comparison was conducted on 
the residual Pb and Zn fractions (F5) to compare the simple main effect of organic acids over 
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different levels of P addition and vise versa and determine if any of the treatments resulted a 
statistically significant (p < 0.05) increase in the residual Pb and Zn fractions. Both PY and 
Zn-P are highly insoluble minerals; hence, their enhanced formation due to the incubation 
experiment is expected to reflect on the net increase on the residual fractions (F5). 
Results 
Distribution of Pb and Zn in solid phases (SE) 
The partitioning of Pb in the control S AD4 soil into the 5 operationally defined fractions based 
on the chemical SE procedure followed the order: F2 (42%) > F5 (25%) > F3 (17%) > F4 (9%) 
> Fl (6%) (Figure 4). Compared to the non-incubated SAD4 soil, there was only a slight 
decline in the organic-bound fraction (F4) and an associated increase in carbonate bound 
fraction (F2) (Figure 4). Upon the addition of P and organic acids, there was a significant shift 
from Pb associated with carbonates (F2) and Fe/Mn oxides (F3) to mainly Pb associated with 
organic solid phases (F4). In particular, with the addition of 1% P and oxalic acid, the 
exchangeable fraction (F2) in SAD4 decreased from 42% to 12% while the organic bound 
fraction (F4) increased from 9% to 54%. However, there was no statistically significant 
change in the residual (F5) Pb fractions upon the addition of P and organic acids with the 
exception of the sole addition of DTPA and oxalic where there was a significant increase in the 
residual fraction (Table 5). 
The fractionation of Zn in the untreated soil (SAD4) followed the trend: F4 (34%) > F2 
(27%) > F5 (21%) > Fl (12%) > F3 (8%) (Figure 5). There were no difference in all fractions 
between the control and the un-incubated original SAD4 soil. With the addition of P and 
organic acids, there was an increase in the residual (F5), exchangeable (Fl), and Fe/Mn-oxides 
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bound fraction (F3). While the addition of DTPA alone resulted in statistically lower residual 
Zn (F5), the addition of organic acids and phosphate significantly increased the residual Zn 
fraction of most treatments (Table 5). 
The result of the two-way ANOVA on the 5 different fractions of the SE method 
showed significant effect interaction (i.e., P level and addition of organic acids) for both Pb 
and Zn, except for the organically bound fraction (F4). According to further pair-wise mean 
comparison for the residual fraction (F5) showed there is no statistical mean difference 
between different levels of P amendments where no organic acid (p = 0.76) and citric acid (p = 
0.36) were added. However, there was a significant mean difference in Pb F5 at the different 
levels of P addition when DTPA and oxalic acids were added (Table 5). There was also a 
strong statistical significant difference (p = 0.00) in Zn F5 fraction between the different levels 
of P amendment and organic acid additions (Table 5). 
Table 4. Selected chemical and physical characteristics of SAD4 soil. Units in mg 
kg"1 soil, unless indicated. 
As 
Ca 
Cd 
Co 
Cr 
Cu 
Fe 
K 
Mg 
Mn 
S 
Ni 
P 
Pb 
Ti 
Zn 
SOCa 
PH 
Texture 
661 
10.9 (%) 
654 
26 
68 
0.4 (%) 
4.8 (%) 
0.9 (%) 
0.2 (%) 
0.1 (%) 
8.1 (%) 
12 
381 
4.2 (%) 
967 
21.5 (%) 
1.7 (%) 
6.0 
Sandy loam 
a
 = soil organic carbon. 
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Figure 4. Fractionation of Pb in SAD4 before and after P and organic amendments by 
chemical sequential extraction (SE) procedure. Fl - exchangeable, F2 - carbonate 
bound, F3 - Fe/Mn-oxide bound, F4 organic bound, and F5 - residual. 
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Figure 5. Fractionation of Zn in SAD4 before and after P and organic amendments by 
chemical sequential extraction (SE) procedure. Fl - exchangeable, F2 - carbonate 
bound, F3 - Fe/Mn-oxide bound, F4 organic bound, and F5 - residual. 
Table 5. Mean (±SD) contents of residual fraction (F5) of Pb and Zn before and after 
incubation experiment. For each element, means followed by the same letters are not 
significantly different (p > 0.05, n=3). 
Pb Zn 
(%) 
Control 1.1 (0.1) a 4.1 (0.1) a 
0%P + DTPA 1.5 (0.3) b 3.0 (0.8) b 
0% P + Oxalic 1.7 (0.2) b 4.3 (0.8) a 
0%P +Citric 1.1 (0.2) a 4.8 (0.1) a, c 
0.5% P 1.0 (0.2) a 5.2 (0.4) c 
0.5% P + DTPA 1.0 (0.2) a 5.0 (0.6) c 
0.5% P + Oxalic 1.1 (0.2) a 4.3 (0.8) a, c 
0.5% P + Citric 1.0 (0.2) a 4.5 (0.5) c 
1%P 0.9 (0.1) a 6.9 (0.7) d 
1 % P + DTPA 1.1 (0.4) a 6.9 (0.2) d 
1%P + Oxalic 1.0 (0.1) a 6.8 (0.5) d 
1%P + Citric 0.9 (0.2) a 6.5 (0.3) d 
Mineralogical characterization (XRD and SEM) 
The XRD pattern of both control and P amended S AD4 showed that the mineral composition 
of the HF was dominated by sphalerite (ZnS) and anglesite (PbS04) (Figure 6) along with trace 
amounts of iron oxides such as hematite, magnetite, and goethite. A further SEM analysis 
coupled with EDX indicated the presence of a substantial amount of Fe within sphalerite in all 
samples analyzed (data not shown). Both XRD and SEM techniques were unable to positively 
confirm the presence of PY and Zn-P in most of the samples analyzed. However, in samples 
treated with 1% P, the X-ray peaks at 31, 23, and 24 (20) regions were significantly enhanced 
(Figure 6) indicating the presence of P-containing Pb mineral (phosphogatrellite) with general 
chemical composition CuFePb-P according to the JCPDF database reference number 51-1449 
(SOCABIM, 2001). 
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Figure 6. X-ray diffractograms of SAD4 and SAD4 + 1% P soil collected before and after 2 
month incubation period, respectively. 
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Speciation of Pb and Zn using LC-XANES Fitting 
The results of the LC-XANES fitting analysis are presented in Figure 7 and 8 and the 
corresponding numerical outputs are shown in Table 6. As it can be seen from the LC-XANES 
fit spectra, the chosen best fit curves for both Pb and Zn represent the actual collected spectra 
very well (Figure 7 and 8). According to the XANES speciation, Pb and Zn in SAD4 were 
predominantly associated with S as PbS04 (92%) and ZnS/ZnS04 (73%) (Table 6). The 
estimated amount of PY in the untreated SAD4 was 7% while Zn-P was not identifiable in the 
sample. Amendments with 1% P soil without organic additives increased the PY formation in 
SAD4 to 37% (Table 6). The addition of 0.5% P, however, did not promote the formation of 
either PY or Zn-P (Table 6). With 0.5% P addition, estimated amount of PY was reduced from 
7% to 0% in the presence of oxalic acid. The formation of PY was reduced substantially from 
37% to 3% when oxalic acid was added together with the 1% P soil amendment (Table 6). 
Discussion 
Pb and Zn in SAD4 
The high amount of Fe-bearing sphalerite (Zn,FeS) found in SAD4 is most likely due to 
remnants of the primary ore associated with the reported mining and smelting activities near 
where the SAD4 was collected. Sphalerite is considered to be the chief Zn ore deposit world 
wide (Palero-Fernandez and Martin-Izard, 2005; Gottesmann and Kampe, 2007; Cook et al., 
2009; Wright and Gale, 2010). In nature, pure sphalerite is rarely found and often contains 
various metals such as Fe, Cd, Mn, and Hg (Paradis et al., 2007; Cook et al., 2009; Wright and 
Gale, 2010). The primary source of geogenic Pb is PbS (Barak and Helmke, 1993; Paradis et 
al., 2007). Upon weathering sulfide minerals (e.g., PbS, ZnS) are converted into several 
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Table 6. Estimates of Pb and Zn species in S AD4 after amendments with P and organic acids using LC-XANES fitting of X-
ray absorption spectra. 
SAD4 
OP 
0 P + oxalic 
0 P + citric 
0.5% P 
0.5% P + oxalic 
0.5% P + citric 
1%P 
1% P +oxalic 
1% P +citric 
PbC03 
0 
5 
5 
3 
9 
8 
5 
0 
11 
ndb 
PbO 
0 
0 
0 
0 
0 
0 
0 
11 
34 
nd 
Pb-P 
8 
7 
0 
6 
9 
0 
6 
37 
3 
nd 
PbS 
0 
2 
0 
0 
0 
0 
0 
0 
0 
nd 
PbS04 
92 
86 
95 
91 
82 
92 
89 
52 
48 
nd 
Ra 
0.2 
0.1 
0.9 
0.6 
1.5 
5.6 
0.3 
0.9 
1.9 
-
ZnC03 
27 
38 
nd 
27 
43 
31 
33 
nd 
24 
27 
ZnO 
0 
0 
nd 
0 
0 
0 
0 
nd 
0 
0 
Zn-P 
0 
0 
nd 
0 
0 
0 
0 
nd 
17 
7 
ZnS 
65 
62 
nd 
65 
57 
69 
67 
nd 
59 
66 
ZnS04 
8 
0 
nd 
8 
0 
0 
0 
nd 
0 
0 
Ra 
1.2 
1.3 
-
0.9 
1.9 
0.8 
1.1 
_ 
1.1 
0.8 
= Residual (%) 
= not determined (incomplete spectra) 
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secondary minerals such as anglesite (PbS04), cerussite (PbCC^), PY, ZnC03, ZnS04 
(Banfield et al., 1999; Gadd, 2000; He et al., 2005; Paradis et al., 2007). 
The results from the XRD, SEM and XAS analyses were in agreement to confirm the 
major sources of Pb and Zn contamination in SAD4 soil. The presence of secondary Pb and 
both primary and secondary Zn minerals identified in this study are also reported in 
mine/smelter contaminated soils elsewhere (Cotter-Howells and Caporn, 1996; Eusden et al., 
2002; Hashimoto et al., 2009; Manceau et al., 1996; Ostergren et al., 1999). 
Effect of P and organic acids in the formation of PY and Zn-P 
PY formation is considered to occur in P treated contaminated soils where Pb is present in less 
stable or more soluble forms such as galena, anglesite, cerussite, plumbojarosite, and Pb 
adsorbed on mineral surfaces (e.g., Pb adsorbed on goethite) (Eusden et al., 2002). 
Pyromorphite is also commonly found naturally in mine contaminated soils (Cotter-Howells et 
al., 1994; Paradis et al., 2007). In our study, we used several techniques to confirm the natural 
presence and enhanced formation of PY and Zn-P in S AD4 soil after the addition of P and 
organic additives. Our results indicated that routinely employed conventional soil analytical 
techniques such as XRD, SEM, and chemical SE techniques by themselves were insufficient to 
conclusively and quantitatively identify the presence or formation of PY and Zn-P in SAD4 
before and after treatment. However, data from these methods were critical to complement and 
better understand the results from XAS analysis as discussed below. 
Although considered semi-quantitative, the XAS results in our study documented the 
presence of PY before treatment and that P amendments without organic additives led to the 
enhanced formation of PY in S AD4. This confirms the results of earlier researchers 
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(Chrysochoou et al., 2007; Hettiarachchi et al., 2001; Kumpiene et al., 2008; Raicevic et al., 
2009; Schekel and Ryan, 2002; 2004). The enhanced Pb-P mineral formation after treatment 
was identified as phosphogatrellite (CuFePb-P) by XRD analysis (Figure 6). The abundance of 
other trace metals including Cu and Fe in SAD4 (Table 4) was most likely the reason for the 
inclusion of those metals as impurities during PY formation after P amendment. For the sake 
of simplicity and to discuss PY formation, we will consider the phosphogaterellite observed in 
our study as equivalent to PY. The formation of PY equivalent to 36% of the total Pb with 
addition of 1% P is in close agreement with the ~ 30% PY formation in soils reported by 
Hashimoto et al. (2009). In another study, the addition of phosphoric acid equivalent to 0.5% 
and 1.0 % P to Pb-contaminated soil near a smelter formed 37% and 45% PY, respectively 
(Schekel and Ryan, 2004). In soils near a mine and smelter wastes deposits, natural formation 
of PY was observed after 20 years of deposition due to reactions between Pb from wastes and 
P from a nearby phosphoric acid factory (Ruby et al., 1994). 
Our data (Table 6) showing the reduction of PY formation when organic acids are 
added with P is consistent with Hashimoto et al. (2009) and Lang and Kaupenjohann (2003). 
High amounts of SOM inhibit the synthesis of PY due to the formation of a SOM-Pb ligand 
and SOM coatings on PY seed crystals that prevent further precipitation of PY (Hashimoto et 
al., 2009; Lang and Kaupenjohann 2003). The reduction in exchangeable Pb and the increased 
in organic-bound Pb upon oxalic addition might have led to the reduction in PY formation. Our 
data suggest that that oxalic acid impedes PY formation more than citric acid. This is probably 
due to more effective formation of Pb-oxalate as reported in our previous study (Debela et al., 
2010). This implies that Pb-oxalate chelate does not readily react with soluble P, thus 
inhibiting the formation of PY. The dataset from our chemical SE experiment suggested that 
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organic acids and DTPA are not only effective in forming metal chelates hindering PY 
formation, but also could precipitate Pb as non-crystaline organic-metal complexes resistant to 
most of the extraction solutions used in the SE procedure. For example, there was nearly 30% 
to 55% increase in the residual Pb fraction (F5) with the sole addition of DTPA and oxalic acid 
(Table 5) indicating the formation of other insoluble organo-metal precipitates increasing the 
residual fraction (F5). 
The other possible mechanism for the reduced PY formation in this study is the strong 
adsorption of Pb as stable Pb-organic surface complexes. The significant increase (up to 50%) 
in organic Pb fractions (F4) from the SE data supports this hypothesis (Figure 4). It is known 
that metal adsorption on organic matter involves a proton displacement from acidic functional 
groups such as phenolic, carboxylic groups and other ligands (Macbride, 2000) and is highly 
influenced by soil pH. We found that the addition of phosphoric acid and organic acids 
resulted in pH reduction of up to 1.5 pH units (data not shown). We hypothesize that the 
decrease in soil pH dissolved Pb associated with carbonates (F2) and bound to Fe/Mn-oxides 
(F3) and significantly increased Pb in solution for the formation of Pb-organic surfaces 
complexes (F5). On the other hand, the decrease in pH could increase net positive charges on 
variable charge minerals surfaces such as Fe and Mn-oxides promoting the desorption the 
associated Pb. This can explain the significant increase we observed in P bound to Fe/Mn-
oxides (data not shown) and the decrease in Pb in F3. Organic acids also compete for metal 
adsorption sites in variable charge minerals such as Fe/Al-oxide minerals leading to the 
desorption of metals (Violante et al., 2005). Fixation of P can also be due to other processes 
including precipitation of insoluble Fe-P directly on the surface of Fe-oxides, occlusion of P in 
structure of Fe-oxides and/or specific adsorption of P on Fe-oxides through ligand exchange 
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(Bigham et al., 2002). The combined effect of the formation of stable Pb-organic complexes 
and the adsorption of P to minerals surfaces is believed to lead to a decrease in the amounts of 
available P and Pb to form PY. 
We believe that similar inhibitory processes discussed above for PY formation might be 
responsible for the poor efficiency Zn-P formation in SAD4. The bioavailable Zn in Pb- and 
Zn-contaminated soils near a milling and smelting facility in Oklahoma (USA) was reduced 
from 1188 mg Zn kg"1 soil after rock phosphate addition equivalent to 100 g apatite kg"1 soil 
can be due to the formation of Zn-P (Basta et al., 2001). Lambert et al. (2007) also suggested 
the formation of Zn-P after P addition to soil fertilized with as much as 5.81 mg Zn kg"1 soil for 
at least 15 years as responsible for decreased Zn concentrations in soil solution. In our study, 
although SAD4 has high content of Zn (~21%) conducive for Zn-P formation; the estimated 
maximum amount of Zn-P formation confirmed using LCF - XANES analysis is limited to 
17% with the addition of 1% P and oxalic acid (Table 6). We expected the formation of Zn-P 
to be higher without the presence organic acids although we could not confirm this in our result 
due to the incomplete XAS spectra (Table 6). In addition to the potential inhibitory role of the 
organic acids, the overall poor efficiency of Zn-P formation in this study may be due to low 
solubility of Fe-bearing sphalerite dominant in SAD4. Other contributing factors could be 
specific soil solution conditions favoring the formation of other insoluble species of Zn than 
Zn-P as supported by data from the chemical SE method (Figure 5). For instance, upon the 
successive increase in P addition, Zn associated with carbonates (F2) decreased more than by 
50%, while exchangeable (Fl) and residual fractions (F5) increased by 5% to almost 50%, 
respectively. 
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Implications to remediation of Pb- and Zn-contaminated soils 
The reduced formation of PY and potentially Zn-P in the presence of DTPA and LMWOA may 
have a direct implication to the remediation of Pb- and Zn-contaminated soils when viewed in 
relation to vegetation establishment and more specifically to rhizosphere soil (the biologically-
active interface between soil and plant roots). In particular, LMWOA concentrations in 
rhizosphere soils are higher compared to bulk soils or soils away from the roots (e.g., Jones et 
al., 2003; Shen et al., 1996; Strobel, 2001). Such high concentration of LMWOA may inhibit 
the stabilization of PY and Zn-P in soils, thus, may render P amendments as less effective 
remediation approach in the long-term. This concept may not be new because earlier 
researchers have also shown that PY formation in soil can be inhibited by the presence of 
dissolved organic carbon (Lang and Kaupenjohann, 2003) and organic matter (Hashimoto et 
al., 2009) through organo-metal complex formation. However, our contribution adds to this 
knowledge through the identification of oxalic and citric acids as specific LMWOA that are 
naturally abundant to decrease the formation of PY and Zn-phosphate minerals. In addition, 
the limited PY (and possibly Zn-P) formation could be subjected to much higher dissolution 
rate in rhizosphere due to oxalic, citric and other LMWOA that are continuously produced by 
active biological activities in the rhizosphere soil (Debela et al.,2010). 
Conclusions 
We conclude that the addition of organic acids including DTPA, oxalic acid and citric acid do 
not promote the formation of PY and Zn-phosphate in P- amended contaminated soils. Organic 
acids such as oxalic and citric acids are ubiquitous in natural soil environments especially in 
rhizosphere soils where biological activities are most active. Their presence in soil 
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environments thus can be considered as one specific factor contributing to the general poor 
efficiency of metal phosphate formation in P-amended Pb and Zn-contaminated soils. 
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CHAPTER FIVE 
Dissolution of Pyromorphite by Tall Fescue {Festuca arundinacea Schreb.): Long-term 
Implications to the Remediation of P-amended Pb-contaminated Soils 
Abstract 
We studied the dissolution of pyromorphite (PY) by tall fescue {Festuca arundinacea Schreb.) 
to investigate if continued plant growth and colonization by arbuscular mycorrhizal fungi 
(AMF) can liberate Pb and P from PY. Tall fescue was grown on sand culture media with 
(CSM-P) and without P added (CSM-NP) and on P-poor surface soil media (SLM). The 
experiment consisted of controls, 2% (w/w) PY addition, AMF inoculation, and 2% PY + 
AMF. PY alone and with AMF significantly increased shoot and root Pb levels in CSM-P and 
CSM-NP plants and root Pb uptake in SLM plants. At week 15, shoot Pb levels were highest in 
CSM-NP plants (478 mg kg"1) followed by CSM-P (133 mg kg"1). Root Pb contents were 
significantly higher than controls and > 10-fold higher than shoot Pb levels in all plants. AMF 
significantly reduced plant shoot Pb uptake in CSM-NP plants. Our results showed that tall 
fescue plants were able to accumulate as much as 55 |imol Pb from PY in the 15 week period 
and the continued removal of Pb and P from PY was evident. We conclude that the benefits of 
PY formation to remediate Pb-contaminated soils might not be long-lasting because some 
plants can dissolve PY to overcome P deficiency. 
Key words: organic acids, arbuscular mycorrhizae fungi, rhizosphere 
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Introduction 
Pb poisoning still remains a significant human and ecosystem health threat despite major 
improvements to control the use of Pb in consumer products in the last two decades (Adriano, 
2001; Government of Canada, 2006; United Nations Environment Program, 2008). In soils, 
metals such as Pb do not naturally degrade over time and thus, it is imperative to design long-
lasting and effective remediation techniques to prevent metal exposure risk to humans and 
wildlife. In this regard, recently, in situ metal stabilization methods seem to have captured the 
attention of many environmental managers. In situ stabilization involves the enhanced 
formation of relatively stable metal compounds in soils, and consequently, decreasing metal 
bio-availability. For example, phosphorus addition to immobilize soil Pb into stable Pb-
phosphates (e.g., pyromorphite - PY ) is one of the most intensively studied in situ 
immobilization approaches and widely recommended for the remediation of Pb-contaminated 
soils (Adriano, 2001; Hettiarachchi et al., 2001; Chrysochoou et al., 2007). 
The adoption and regulatory acceptance of any remediation technology require 
assurance of the long-term effectiveness for continued environmental safety and guarantee 
investment returns (Nachtegaal et al., 2005). While several studies have shown that PY can be 
very stable in soils, to date there is very little direct evidence as to its long-term stability, 
particularly in rhizosphere soil. Rhizosphere soil is located at the root/soil interface where the 
soil chemistry and composition distinctly differ from the bulk soil due to the intense 
interactions between roots, soil biota, and minerals (Arocena and Glowa, 2000; Scheckel and 
Ryan, 2002; Zwonitzer et al., 2003; Adriano et al., 2004; Hinsinger et al., 2006). 
Concentrations of several low molecular weight organic acids (LMWOA) in the rhizosphere 
soil are significantly higher than in the bulk soil (Shen et al., 1996; Jones, 1998; Strobel, 2001; 
97 
Tuason and Arocena, 2009). LMWOA are continually produced in the rhizosphere by plant 
roots and microbial community (Marshner, 1995; Landeweert et al., 2001) and might play a 
significant role in the long-term stability of PY in P-amended Pb-contaminated soils. With 
time and continued P consumptions, some plants might scavenge P from PY when P supplies 
become scarce (Sayer et al., 1999; Cao et al., 2002). Enhanced extraction of P from PY may 
be initiated by LMWOA secreted by plant roots and organisms in the rhizosphere soils. In a 
recent batch dissolution study, we demonstrated that some LMWOA at concentrations 
normally observed in rhizosphere soil enhance the dissolution of PY (Debela et al., 2010). 
Other studies have shown that several fungal species, also abundant in rhizosphere soil, are 
able to increase the release of P and Pb from PY via various mechanisms including the release 
of LMWOA and metal-ligand formation (Sayer et al., 1999; Brundrett, 2002; Fomina et al., 
2005; Manecki and Maurice, 2008). 
Most previous studies aimed at the understanding of the dissolution of PY by LMWOA 
were either laboratory batch or microbial culture experiments and often conducted over a short 
period of time. As such, the results might not necessarily reflect the long-term fate of PY in 
natural soil environments. In this study, we investigated the dissolution of synthetic PY by tall 
fescue (Festuca arundinacea Schreb.) plants grown in a controlled growth chamber 
environment for a period of 15 weeks. Tall fescue is a deep rooted perennial crop widely 
adapted to a range of soil types. It is often used as erosion control on disturbed slopes and road 
banks as it establishes fairly easily and rapidly under harsh conditions (Henson, 2002; Duble, 
2010). Tall fescue has been tested in the past for the remediation of hydrocarbon and metal 
contaminated soils. In addition, we chose this species for repeated harvests of biomass from 
the same plant to continuously monitor Pb uptake and help us elucidate the long-term fate of 
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PY in soils. Specific objectives of the current study were to compare the release of P and Pb 
from PY and their subsequent uptake by tall fescue grown in conditions with abundant and 
limited sources of P and colonized by some arbuscular mychorrizal fungi (AMF). 
Materials and Methods 
Pyromorphite synthesis and characterization 
We synthesized PY in ambient laboratory conditions following a standard method detailed in 
our previous study (Debela et al., 2010). The chemical purity of the synthesized PY was 
established using several techniques including powder X-ray diffraction (XRD), scanning 
electron microscopy (SEM), and total elemental analysis. We also conducted similar 
mineralogical characterization on residual minerals in the rhizosphere after the completion of 
the growth chamber experiments to identify any alterations to the PY morphology and 
composition using SEM and XRD techniques. Residual mineral characterization was carried 
out on intact root surfaces after gentle shaking to remove other materials adhering to the roots. 
For the XRD analysis, we used a Bruker D8 GADDS® diffractometer with Co-Koc 
radiation generated at 40 kV and 20 mA. Identification of the minerals was achieved by 
comparison of the XRD pattern with the JCPDF Powder Diffraction Database 2 using EVA™ 
software (SOCABIM, 2001). The morphology and semi-quantitative in situ elemental 
composition of PY and rhizosphere samples were observed using a Philips XLS 30 SEM 
equipped with an energy dispersive system (EDX) and a back-scattered electron detector. 
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Preparation of growth media 
We studied the dissolution of synthetic PY by tall fescue plants grown in two different growth 
media. A coarse sand medium (CSM) was prepared from commercially available pure 
industrial grade Ottawa quartz sand (20-30 mesh size). The second material was a soil medium 
(SLM) prepared by a 3:1 mixture of topsoil and commercial Ottawa quartz sand to mimic a 
natural P-poor soil environment. The topsoil that we used was collected from the surface 
horizon (-0-10 cm) of a Brunisolic Gray Luvisol near the campus of the University of 
Northern British Columbia (Arocena and Glowa, 2000). 
To investigate the role of some AMF in the dissolution of PY, the two growth media 
were sterilized (non-aseptically) before the start of the growth chamber experiment. The CSM 
was sterilized by soaking the sand in al0% HNO3 solution for several hours. Sterilization of 
the SLM was achieved by overnight incubation in an electric soil sterilizer at 70° C (Pro-Grow 
model SS-60R). After the sterilization, 2% (w/w) of the synthesized PY was thoroughly mixed 
with either 500g of the CSM or SLM in plastic containers and left to equilibrate for 2 weeks. 
Control growth media were prepared in similar manner but with no addition of PY. 
Growth chamber experiment 
Prior to germination, seeds of tall fescue plant were soaked in 2% (v/v) Na-hypochlorite 
solution for 20 min for surface sterilization and then thoroughly washed with double distilled 
and deionized Milli-Q (mQ) water. The seeds were germinated on petri dishes lined with mQ 
water-moistened filter papers. Five to six germinated seeds were transplanted and, later, 
thinned out to three plants per pot after growth was established. For plants that received AMF 
inoculation, the roots of the germinated seeds were lightly coated with commercial AMF 
inoculant immediately before transplanting. We used OMRI Seed Inoculant (Mycorrhizal 
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Products®, Fort Myers FL, USA) containing the spores of four selected beneficial 
endomychorrizae (Glomus intradices, Glomus mosseae, Glomus aggregatum, and Glomus 
etunicatum) fungi and two trichoderma species (Trichoderma harzianum and Trichoderma 
konigii). 
The experiment consisted of controls and three treatments: AMF inoculation, 2% PY, 
and 2% PY + AMF inoculation. Each treatment was replicated thrice in a completely 
randomized design. The experiment was conducted in a growth chamber for a period of 15 
weeks. The growth chamber was maintained at optimal settings of 16 hrs of daylight at 375 
umol m^s"1 light intensity; 24° C day/160 C night temperatures; and 60% humidity (Zhang et 
al., 2005). All plants that were grown in the CSM were supplied with 50 mL of a modified 
Hoagland solution (Hoagland and Arnon, 1950) for the first 2 weeks and 50 mL of mQ water 
twice per week for the duration of the experiment. After the first two weeks, CSM plants were 
divided in two groups. The first group continued to receive 50 mL of the complete Hoagland 
solution twice per week (CSM-P plants). The second group of CSM plants received 50 mL of 
Hoagland solution with no P twice per week (CSM-NP plants). Plants grown in the SLM were 
given 50 mL of the Hoagland solution with no P twice during the first 2 weeks and mQ water 
throughout the duration of the experiment. 
Plant biomass harvest and tissue analysis 
We harvested all aboveground (shoot) biomass of tall fescue plants a few cm above the surface 
of the growth media within four week intervals on weeks 7, 11 and 15 for CSM plants and on 
weeks 7 and 11 for SLM plants due to initial failure to establish transplanted plants in SLM 
growth medium. The harvested biomass was thoroughly rinsed with mQ water and oven dried 
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at 70° C until a constant weight was obtained between two consecutive measurements within ~ 
48 hrs. The oven dried biomass was finely ground and stored in glass vial until analyzed. At 
the end of the growth chamber experiment (week 15), the root biomass from each treatment 
was carefully collected for chemical analysis. A small intact root sample was taken from each 
pot for the in situ rhizosphere mineralogical analysis using SEM and XRD. The remaining root 
biomass was rinsed thoroughly with distilled water, and then soaked in 0.2M HC1 for 1 min to 
remove any adhering PY particles, and finally rinsed thoroughly with mQ water for several 
minutes. The root biomass was oven dried and finely ground for analysis in similar fashion as 
the shoot biomass. Shoot and root tissue concentration of Pb and P were determined by 
Inductively Coupled Plasma Mass Spectroscopy (ICP-MS) after microwave acid digestion of 
the plant materials using concentrated nitric acid (US EPA Method 3052). 
Statistical analysis 
Analysis of variance (ANOVA) and least significant difference (LSD) comparison of means 
was conducted to determine statistical mean difference (p < 0.05) on total biomass yield and 
total P and Pb uptake by tall fescue plants due to treatments. 
Results 
Pyromorphite synthesis and characterization 
The identity and chemical purity of the synthesized PY was confirmed by SEM, XRD, and 
chemical elemental analysis techniques. The morphology and chemical composition of the 
synthesized PY essentially remained unchanged as shown in the SEM micrographs taken from 
freshly synthesized PY (Figure 9a) and residual PY sampled from the rhizosphere of tall fescue 
after the completion of the growth chamber study (Figure 9b). The PY used in this study was 
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composed of variable size crystals and distinctly developed hexagonal prisms. While the 
majority of the rhizosphere materials showed similar morphology and chemical composition to 
the original PY crystals, we have identified few isolated and morphologically distinct 
additional Pb containing crystals (Figure 9c). Semi-quantitative EDX analysis conducted on 
these crystals revealed that they are composed of Pb, O and C, suggesting the possible 
formation of Pb-oxalate crystals. However, we were not able to confirm the formation of Pb-
oxalate by XRD primarily due to insufficient amounts for XRD analysis. 
Biomass yield 
Total biomass yield (shoot + root) of the three groups of tall fescue plants are presented in 
Figure 10. Total biomass yield of plants grown in the CSM was comparable among the 
treatments. Overall, CSM-P plants had slightly higher total biomass yield than CSM-NP and 
SLM plants (Figure 10). When compared individually, the addition of 2% PY alone did not 
result in any significant change in biomass yield of CSM-P plants. However, both AMF 
inoculation alone and in combination with 2% PY addition significantly increased biomass 
yield of CSM-P plants. For CSM-NP plants, only AMF inoculation resulted in a significant 
increase in total biomass yield (Figure 10). There was no significant difference in total 
biomass yield of SLM plants due to any of the treatments (Figure 10). 
Shoot to root biomass ratio shows that CSM-NP and SLM plants had up to 2 times 
higher shoot to root ratio compared to their counterpart CSM-P plants (Table 7). Individually, 
AMF inoculation alone significantly reduced the biomass ratio of both CSM-P and CSM-NP 
plants and the addition of both 2% PY alone and in combination with AMF inoculation 
significantly increased biomass ratio of CSM-NP plants (Table 7). The observed variations in 
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ure 9. SEM micrographs of: a - freshly synthesized pyromorphite (PY); b - residual PY; c 
Pb-oxalate crystals (Pb-O) observed on intact root surface of CSM-NP plants. 
S 5 
£ 3 
Control AMF 2% PY 2% PY + AMF 
• CSM-P 
• CSM-NP 
0SLM 
Figure 10. Mean (± SD) total biomass yield of tall fescue plant grown under 
different conditions. For each group of plants, means followed by the same letters are 
not statistically significant (p > 0.05, n = 3). 
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Table 7. Mean (± SD) shoot and root biomass and total P and Pb uptake by tall fescue. 
Within a row, means followed by different letters are significantly different (p < 0.05, 
n = 3). 
CSM-P 
Shoot (S) 
Root (R) 
S/R 
CSM-NP 
Shoot (S) 
Root (R) 
S/R 
SLM 
Shoot (S) 
Root (R) 
S/R 
CSM-P 
Shoot 
Root 
Total Plant 
CSM-NP 
Shoot 
Root 
Total Plant 
SLM 
Shoot 
Root 
Total Plant 
CSM-P 
Shoot 
Root 
Total Plant 
CSM-NP 
Shoot 
Root 
Total Plant 
SLM 
Shoot 
Root 
Control 
2.65 (0.40) 
1.78(0.29)a 
1.53(0.48) 
2.40 (0.08)a 
0.99(0.01) 
2.43 (0.10)s6 
2.31 (0.37) 
1.15(0.29)s6 
2.04(0.19) 
734.66(110.07) 
102.21 (37.42)ab 
836.88 (72.65) 
88.82(1.51 )a 
17.47 (0.20)a 
106.30 (1.32)a 
115.59(6.25) 
55.88 (4.76) 
171.48(1.49)a 
0.03 (0.02) 
0.05(0.01) 
0.09(0.01) 
0.04(<0.01) 
0.05(<0.01)a 
0.09(<0.01) 
0.06(<0.01) 
0.10(0.02) 
AMF 
Biomass (g/pot) 
3.19(0.06) 
3.92 (0.62)6 
0.83 (0.15)3 
3.44 (0.08)6 
1.94(0.08)a 
1.77(0.04)a 
1.93(0.26) 
0.84 (0.06)a 
2.31 (0.47) 
2% PY 
\ 
2.89 (0.04) 
2.21 (0.13)a 
1.31 (0.06) 
2.93(0.16)36 
0.84 (0.03) 
3.49 (0.31 )bc 
2.24 (0.33) 
1.06(0.47)a6 
2.43(1.41) 
Total P uptake (umol) 
780.76(32.12) 
89.18 (15.90)3 
869.94 (48.02) 
190.72(8.73)6 
37.87(1.68)6 
228.59(10.41 )c 
106.40(2.64) 
52.34 (3.38) 
158.74(6.02)3 
694.16(32.73) 
156.21 (27.38)a6 
850.36(60.11) 
98.65 (6.20)a 
38.86 (4.57)6 
137.51 (1.64)a6 
127.41 (21.21) 
79.03 (43.79) 
206.44 (22.58)a6 
Total Pb uptake (umol) 
0.03(<0.01) 
0.13(0.01) 
0.16(<0.01) 
0.05 (0.02) 
0.05(<0.01)3 
0.10(0.02) 
0.04(<0.01) 
0.04(0.01) 
1.32(0.20)a 
45.65 (5.44)a 
46.97 (5.64)a 
4.64 (0.87)a 
23.21 (10.24)6 
27.85 (9.36)a 
0.15(0.07) 
17.54 (8.64)a 
2 % PY + AMF 
3.21 (0.15) 
2.87(0.12)c 
1.12(0.10) 
3.24 (0.35)6 
0.90 (0.08) 
3.65 (0.70)c 
2.73 (0.98) 
1.85(0.20)6c 
1.46(0.37) 
720.70 (6.29) 
164.11 (0.17)6 
884.80(6.12) 
129.49(20.75)6 
26.66(2.61)6 
156.16(18.14)6 
145.35 (36.32) 
109.55(7.58) 
254.90 (43.90)6 
1.28(0.07)a 
54.02 (11.63)a 
55.29(11.56)3 
2.81 (0.23)6 
13.68(7.26)a6 
16.49 (7.03)3 
0.14(0.05) 
27.41 (6.07)3 
biomass ratio among CSM grown plants were mostly associated with substantial increase or 
decrease in root biomass due to the treatments. Shoot biomass in all groups of plants was the 
least affected by any of the treatments alone or combined (Table 7). There was no significant 
difference in biomass ratio due to any of the treatments among SLM plants. 
P and Pb uptake by tall fescue 
Total P level in shoot biomass was the least influenced by the treatments within all groups of 
plants (Table 7). Consequently, there was no significant difference in total shoot P uptake 
among CSM-P and SLM plants. For CSM-NP plants, there was a significant increase in shoot 
P uptake upon both AMF inoculation alone and AMF inoculation combined with 2% PY 
addition (Table 7). While only the combined application of 2% PY addition with AMF 
inoculation resulted in significant increase in root P- uptake of CSM-P plants compared to 
AMF plants, there were significant increases in root P uptake of CSM-NP plants upon the sole 
addition of 2% PY, AMF inoculation, and 2% PY + AMF inoculation. There was a slight 
increase in root P uptake of SLM plants upon 2% PY and AMF additions, but not statistically 
significant (Table 7). Overall total (shoot + root) P uptake by CSM-P plants was the same 
throughout all treatments. For CSM-NP plants, total P uptake by tall fescue was significantly 
increased by both AMF inoculation alone and by the combined treatment of 2% PY + AMF 
inoculation. For SLM plants, total P uptake was significantly increased only by the combined 
addition of 2% PY and AMF inoculation (Table 7). 
Plant total shoot, root and overall total (shoot + root) Pb uptakes by CSM-P plants were 
significantly higher upon both the lone addition of 2% PY and 2% PY + AMF treatments 
(Table 7). The same was true for CSM-NP plants with the exception that total root Pb uptake 
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for this group of plants was not significantly higher when compared to AMF only treated plants 
or the control. While the combined treatment of 2% PY + AMF inoculation resulted in a 
notable but insignificant decrease in the total Pb uptake by CSM-NP as compared to the lone 
addition of 2% PY, the same treatment had the opposite effect on CSM-P plants. There was a 
substantially higher total shoot Pb uptake by SLM plants upon both the lone addition of 2% PY 
and 2% PY + AMF inoculation. However, significant increases in both treatments were only 
noted for the total root and overall total Pb uptakes (Table 7). Considering net shoot and root 
Pb levels at each sampling times, Pb uptake was directly related to the addition of PY (Figure 
11-14). The addition of 2% PY alone or in combination with AMF inoculation substantially 
increased the shoot and root Pb levels of all group of plants at each sampling times compared 
to controls. All group of plants extracted mostly equivalent or higher amounts of Pb in their 
shoots compared to the levels extracted in pervious samplings. Pb shoot levels were the 
highest for CSM-NP plants, followed by CSM-P and SLM plants. Pb root levels were 
comparable and consistently significantly higher than the shoot Pb levels from any sampling 
time for all groups of plants (Figure 11-14). 
Discussion 
Our results clearly demonstrate that tall fescue is capable of extracting both P and Pb from 
synthetic PY under the P-starved growth conditions. Upon the addition of 2% PY, tall fescue 
plants accumulated as high as 55 fxmol Pb per total biomass weight over 15 weeks period 
which was significantly higher than the control plants (< 0.2 [xmol Pb per total biomass weight) 
(Table 7). Despite the high levels of Pb accumulation, the overall total biomass yield of tall 
fescue plants remained relatively unchanged (Figure 10). This was expected because tall 
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fescue is known to tolerate high levels of Pb (Qu et al., 2003; Begonia et al., 2005). Qu et al. 
(2003) demonstrated that tall fescue survived in growth medium with up to 450 mg Pb L"1 
solution and accumulated as high as 30 mg Pb g" dry matter in their roots without showing any 
Pb toxicity symptoms. The increases in total biomass in CSM-P and CSM-NP plants were 
mostly due to the 2X increases in their root biomass upon AMF inoculation (Table 7). This 
suggests that the AMF promoted root proliferation and increased biomass yield through 
enhanced nutrient uptake by the plants (e.g., Chen et al., 2005; Sudova and Vosatka, 2007). 
However, AMF inoculation did not have the same effect on biomass yield of SLM plants and 
may suggests that the sterilization of the SLM was likely not effective in eliminating any 
inherent soil AMF, and the additional AMF inoculation had no added benefits to the growth of 
tall fescue. 
The plant shoot, root and total P and Pb uptake data provide evidence of PY dissolution 
by tall fescue plants and the possible role of AMF on this process. Plants grown with a limited 
P supply (CSM-NP plants) incorporated significant amounts of P and Pb into their biomass 
upon either 2% PY addition alone or 2% PY + AMF inoculation (Table 7). The levels of Pb 
extracted by tall fescue in this study are closely comparable to a similar study conducted on rye 
grass (Sayer et al.,1999). In their sand culture study, the authors reported that rye grass 
extracted 780 nmol Pb g"1 dry matter shoot weight from PY in 30 days (Sayer et al., 1999). In 
our study, shoot Pb concentration of CSM-NP plants with 2% PY during the first harvest 
(week 7) was 157 mg kg"1 which is equivalent to 756 nmol Pb g"1 dry matter shoot weight. At 
week 15, shoot Pb level in these plants tripled to 478 mg kg"' or 230 jimol g"1 dry weight 
indicating the continued removal of Pb from PY for the duration of the experiment (Figure 12). 
Our result shows that most of the P and Pb uptake by the plants in all treatments is mostly due 
111 
to increased root uptake, and is in agreement with previous results (Kumar et al., 1995; Chen et 
al., 2005). Both shoot and root Pb uptake by tall fescue reported in this study are well below 
previously reported levels from both field-scale and greenhouse pot experiments (Pierzynski et 
al., 2002; Brown et al., 2004; Begonia et al., 2005; Tang et al., 2009). This discrepancy may 
suggest that other Pb containing minerals commonly found in Pb-contaminated soils and used 
in the previous studies are by far more soluble than the synthetic PY used in this study. 
However, the levels of Pb in biomass of tall fescue observed in this study are up to 50 (in 
shoot) to more than 300 (in roots) times higher than the Canadian regulatory limits that restricts 
the use of Pb- contaminated plants as animal feed to prevent a health risk to animals and to 
minimize unacceptable Pb residues in foods of animal origin (Canadian Food Inspection 
Agency, 2010). 
Our study provides additional information that PY undergoes dissolution in the 
rhizosphere as it comes in contact with roots and organisms. Based on our previous results 
(Debela et al., 2010), it is very likely that LMWOA secreted by the tall fescue plants have 
contributed to the observed increased dissolution of PY. However, from our data it is clear that 
the dissolution of PY and the subsequent uptake of P and Pb by tall fescue appear to be 
controlled by other factors such as P-status, presence of AMF and type of growth media (sand 
culture vs. soil media). Available P supply seems to be the very critical factor in determining 
total plant biomass yield and dissolution of PY. Compared to CSM-P plants, shoot and root P 
content of both CSM-NP and SLM plants were considerably lower indicating P scarcity in the 
latter growth media. Plant growth, particularly root biomass, was severely limited among 
CSM-NP and SLM plants, resulting in lower total biomass and total Pb uptake. However, 
considering the net Pb uptake, one can clearly see that PY dissolution is directly related to P 
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status. For instance, Pb shoot concentrations at week 15 of CSM-P and CSM-NP plants were 
133 and 478 mg kg"1 dry shoot weight, respectively (Figure 11 and 12). It seems that the 
enhanced dissolution of PY by CSM-NP plants is in response to the prevailing P deficiency. 
On the other hand, although P status was also low, SLM plants did not accumulate as much Pb 
in their shoots as the CSM-NP plants. This suggests factors other than soil P status regulate the 
rate of PY dissolution and the subsequent uptake of the liberated P and Pb by the plants. We 
hypothesize that the competitive adsorption of the liberated P and Pb from PY dissolution on 
surfaces of clays, oxides and organic matter and root absorption might be responsible in the 
overall reduction in the shoot uptake of P and Pb by the SLM plants. 
The role of AMF inoculation in the dissolution of PY by tall fescue is not clear from 
our current data set. However, the effect of AMF inoculation on Pb uptake by tall fescue also 
appears to be dependent on P status and other soil factors. While AMF inoculation with 2% 
PY resulted in a small but insignificant increase in total Pb uptake among CSM-P and SLM 
plants, there was a significant decrease in the shoot Pb uptake of CSM-NP plants. Published 
results are likewise conflicting where both increase and decrease in plant Pb uptake due to 
selected AMF inoculation have been reported (Khan et al., 2000; Rydlova and Vostaka, 2003; 
Wang et al., 2005; Sudova and Vostaka, 2007; Awotoye et al., 2009). We think that the role of 
AMF in metal immobilization and uptake by plants is not a straightforward process and is 
influenced by several contributing factors in soils and plants. It has been suggested that AMF 
can liberate metals in soils via various mechanisms such as proton- and ligand-promoted metal 
dissolution, immobilize metals within their biomass, and precipitate metals through the 
formation of extracellular metal oxalates (Gadd, 1993; Jarosz-Wilkolazka and Gadd, 1993; 
Meharg, 2003; Fomina et al., 2005; Gadd, 2010). From our results, we believe that a 
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combination of several mechanisms mentioned above might explain the influence of the AMF 
inoculation in the dissolution of PY and the eventual Pb uptake by tall fescue. The elevated Pb 
uptake in roots might have been due to increased active Pb absorption on AMF mycelia 
structure (Kapoor and Viraghavan, 1995; Krupa and Kozdro, 2004) in response to increasing 
the Pb tolerance of the plants. It is quite plausible that AMF inoculation might have increased 
the actual dissolution of PY and/or increase the competitive advantage of the plant roots to 
scavenge more P and inevitably Pb from the bulk volume of soil. We also suggest that 
extracellular precipitation of Pb in the form of Pb-oxalate crystals (Figure 9c) might have 
contributed to the significant reduction in Pb shoot uptake by the CSM-NP plants. 
Conclusion 
Our study demonstrates that PY can be solubilized by plants such as tall fescue grown under P-
deficient environments. The dissolution is likely due to LMWOA secreted by roots and AMF 
found in the rhizosphere. This implies that the in situ immobilization of Pb via PY formation in 
Pb-contaminated soils might not be as effective and its long-term benefits are questionable 
especially in P-deficient soils where limited sources of P supply might be depleted by 
continued plant growth leaving PY as the sole source of soil P. 
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Preface 
The following chapter is a complementary study that was carried out based on the findings of 
the work presented in chapters 3 -5. This study examines a novel alternative approach to 
remediate metal contaminated soils by enhancing their immobilization with soil organic matter. 
This chapter is a version of a manuscript currently under review entitled: 
Debela, F., Thring, R.W., and Arocena, J.M (article under review). Immobilization of heavy 
metals by co- pyrolysis of contaminated soil with woody biomass. Water, Air, & Soil 
Pollution. (Manuscript No. WATE6257) 
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CHAPTER SIX 
Immobilization of Heavy Metals by Co-pyrolysis of Contaminated Soil with Woody 
Biomass 
Abstract 
We investigated the potential application of pyrolysis treatment to a mixture of woody biomass 
and a metal-contaminated soil as an alternative eco-friendly option to stabilize metals in soils. 
Our specific objective was to test the optimum combination of high heating temperature (HHT) 
and heating time to effectively encapsulate metals in a contaminated soil into a biochar. For 
this purpose, we used a laboratory bench batch reactor to react a mixture of multi-element 
metal contaminated soil with 0 (control) 5, 10, and 15% (w/w) sawdust. Each mixture was 
reacted at 200 and 400 °C HHT for 1 and 2hr heating times. Physicochemical and 
morphological characterization along with standard EPA Synthetic Precipitation Leaching 
Procedure (SPLP) test were conducted to assess the effectiveness of the heat treatment to 
immobilize the metals in the contaminated soil. Compared to controls, we recorded up to a 
93% reduction in Cd and Zn leachability after 1 hr heat treatment at 400 °C, with the addition 
of 5-10% biomass. Pb leaching was reduced by 43% by the same treatment but without the 
addition of biomass. At a lower pyrolysis temperature (200 °C), however, there was a 
substantial increase in both As and Zn leaching compared to the untreated controls. Our study 
suggests that several factors such as the type of metal, heating temperature, heating period, and 
the addition of biomass influence the efficiency with which pyrolysis treatment can immobilize 
metals in a contaminated soil. 
Key words: metal leaching, biochar, SPLP, sequential extraction 
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Introduction 
Biochar is the product of a partial-oxidation (pyrolysis) process, which is the decomposition of 
organic carbon bearing compounds at elevated temperature in the absence of oxygen (Brown 
2009). It is a multi-use soil amendment material with demonstrated environmental, economic, 
and social benefits (Cao et al., 2009; Lehman and Rondon, 2006; Steinbeiss et al., 2009; 
Warnock, 2007; Yu et al., 2009). In addition to the production of biochar, pyrolytic processes 
have been used to reduce metal leaching from several organic wastes such as municipal sewage 
sludge (Kistler et al., 1987), fly ash (Jakob et al., 1996), and biomass (Stals et al., 2010). 
Similar reductions in metal leaching from dredged sediments upon pyrolysis have been 
reported by Rienks (1998), Wijeskakra et al. (2007) and Zhang (2009). 
Excess levels of heavy metals in soils persist over long periods of time and pose 
significant human- and ecosystem-health risks, if left untreated. The in situ stabilization of Pb 
and Zn using inorganic-P amendments is currently one of the most recommended practices as a 
cost-effective and ecologically friendly remediation technology (Adriano, 2001; Hettiarachchi 
et al., 2001; Chrysochoou et al., 2007). However, studies have shown that soil organic matter 
(SOM) can form complexes with metals in soils interfering with the efficient formation of the 
target metal-phosphate compounds (Hashimoto et al., 2009; Lang and Kaupenjohann, 2003; 
Schekel and Ryan, 2004). In our previous in situ immobilization study, we found that Pb and 
Zn have a very high affinity to form complexes with SOM resulting in a poor efficiency of the 
formation of Pb- and Zn-P after amendment (Debela et al., under review). 
Setting aside the negative effect of SOM on the efficiency of the in situ P-stabilization 
method, the intimate association between organic and mineral matter in soils is desirable to 
achieve the ideal soil aggregation and overall improved soil quality. In nature, this is 
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commonly achieved by soil biota particularly earthworms. Earthworms ingest organic and 
mineral matter and comminute the mixture inside the intestine; the resulting fecal materials are 
granular in shape and exhibit the best soil structure (Brown et al., 2000; Pulleman et al., 2005; 
Six et al., 2004). Organic materials in the excrements of soil biota are known to contain 
various functional groups such as carboxyl and amide characteristics of partially-oxidized 
SOM (Arocena et al., 1995). We hypothesize that the natural process of intimate mixing of 
organic matter and minerals in soil can be partly abiotically mimicked by a controlled pyrolysis 
process through subjecting a known mixture of biomass and contaminated soil to various heat 
applications and obtaining a partially oxidized organic matter similar to fecal materials. The 
concept presents an excellent opportunity to enhance the encapsulation of metals within 
biochar produced from co-pyrolysis of mixtures of biomass and contaminated soil and to 
reduce the bioavailability of metals, while at the same time improving the physical quality of a 
contaminated soil. Biochar is considered to be highly resilient in soil environments (Lehmann, 
2009). Therefore, the potential immobilization of metals within biochar can be considered as a 
long-term and eco-friendly remediation approach for metal contaminated soils. 
The purpose of this study was the assessment of the potential encapsulation of metals 
(Pb, Zn, As, Cd, and Cu) in a contaminated soil into biochar by co-pyrolysis of the 
contaminated soil with woody biomass (WB) and the reduction in the leachability of the metals 
from the treated soil. To the best of our knowledge, there is no published data to date on the 
direct application of pyrolysis to immobilize metals in contaminated soils either alone or by co-
pyrolysis with deliberately added biomass. 
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Materials and Methods 
Sample preparation 
A soil sample (SAD4) highly contaminated with Pb and Zn with additional moderate levels of 
As, Cd and Cu contamination was obtained from an unidentified mine disposal site no longer 
in existence. Upon receipt, the soil sample was air-dried and passed through a 2 mm nylon 
sieve. The sample was then thoroughly mixed, quartered into four equal portions, and each 
portion was mixed with 0, 5, 10 and 15% (w/w) of WB (sawdust) obtained from the forest and 
wood research laboratory at the University of Northern British Columbia. To keep the 
uniformity in the sample preparation as much as possible, we used one batch of sawdust 
material throughout the experiment. 
Pyrolysis experiment 
The pyrolysis experiment was conducted using a Parr 4575 500 mL batch reactor with a 
standard external heater and a custom Watlow Firerod 9243 internal cartridge heater (Figure 
15). During a reaction, a continuous flow of air-stream was used to protect the shaft of the 
mixer from overheating and a cooling water loop was used to quench the reaction at the end of 
each run. Trial experiments revealed that a working volume of 150 mL of the sawdust-soil 
mixture was optimum for ensuring uniform heating without stirring. Thus, for each run, a 150 
mL of the prepared sample was added to the reactor vessel and the vessel was pressurized to 
103.4 kPa with N2. The pyrolysis experiment consisted of the combinations of two high 
heating temperatures (HTT) and times, specifically, 200° C (Pr200) and 400° C (Pr400) for the 
duration of 1 (Pr200-1) and 2 hrs (Pr200-2) of heating time at each HTT. Each pyrolysis 
experiment was conducted in duplicates. The target HTT was reached after 30-80 minutes and 
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maintained for the duration of the experiment. At the end of the reaction period, the vessel was 
allowed to cool to room temperature and any residual pressure was vented before the solid 
product was collected. 
Controller 
Gas In 
Water In 
Internal 
Heater 
Mixer Gas Out 
Water Out 
Thermocouple 
External 
Heater 
Figure 15. Schematic diagram of Parr 4575 batch reactor. 
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Physicochemical characterization 
We compared some selected physicochemical characteristics of the SAD4 soil before and after 
pyrolysis treatment to investigate any physical, chemical, and morphological alterations after 
the heat treatment. Standard soil analytical techniques were followed for the characterization 
of all samples (Carter, 1993; Klute, 1986). Total elemental Pb, Zn, As, Cd and Cu were 
determined by inductively coupled plasma mass spectroscopy (ICP-MS) after microwave acid 
digestion. Soil pH was determined in H2O (1:2 soil to H2O ratio). Cation exchange capacity 
(CEC) was estimated using the ammonium acetate method while organic carbon (OC) content 
was determined by dry heat combustion. The surface chemistry and morphology of the 
samples were studied using a Perklin Elmer 2000 Fourier transform infrared spectrometer 
(FTIR) and a Philips XLS 30 scanning electron microscope (SEM), respectively. 
Leaching test 
A batch synthetic precipitation leaching procedure (SPLP) was carried out on the control and 
pyrolysed samples to determine the extent of metal encapsulation with the reacted biomass 
(biochar). Standard SPLP Method 1312 with minor modifications was followed for this test 
(US EPA, 1994). Briefly, we applied 100 mL of two leaching fluids (a 40/60 mix of 
concentrated HNO3 and H2S04 diluted with distilled H20 to pH 4.2 and 5.0) to a 5.0 g sample 
in a glass jar. The mixture was then agitated gently on a horizontal shaker for 18 hrs. At the 
end of the extraction period, the samples were allowed to settle for 30 min, the pH of the 
supernatant was determined and a small portion was taken and filtered through a 45 (tm 
membrane syringe filter. The filtrate was acidified with concentrated HNO3 to pH < 2.0 and the 
concentrations of Pb, Zn, As, Cd, and Cu were determined by ICP-MS. 
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Chemical sequential extraction (SE) 
A chemical sequential extraction (SE) procedure modified from the methods by Scheckel et al. 
(2005) and Santos et al. (2010) was conducted to determine the distribution of Pb, Zn, Cd, As, 
and Cu in SAD4 soil before and after pyrolysis treatment into 5 operationally-defined 
fractions. These fractions are: Fl- exchangeable, F2- associated with carbonates, F3-
associated with iron and manganese oxides, F4- associated with organic matter, and F5-
residual fraction. In brief, 1 M MgCl2, pH 7.0 (Fl), 1M NaOAc adjusted to pH 5.0 with 
CH3COOH (F2), 0.04 M NH2OH.HCI in 25% (v/v) HOAc (F3), and 30% H202 (F4) were 
sequentially added to 0.5 g of sample in 25 mL centrifuge tubes. At the end of each extraction 
period, the sample was centrifuged (5K rpm for 5 min), and the supernatant was carefully 
transferred to 50 mL beaker. The remaining solid was then washed once with distilled-
deionized H20 before continuing with the next extraction step and the washing solution was 
added to the beaker. An aliquot was taken from the beaker, filtered through a 45 |^ m 
membrane syringe filter, acidified with concentrated HNO3 to pH < 2 and stored at 4° C for 
analysis. Concentrations of Pb, Zn, As, Cd, and Cu in Fl to F4 fractions were determined by 
ICP-MS. The residual fraction (F5) for each element was determined by subtracting the sum 
of Fl to F4 fractions from the total acid digest in SAD4. 
Statistical analysis 
Analysis of variance (ANOVA) and least significant difference (LSD) comparison of the 
means were conducted to determine a statistical mean difference between (p < 0.05) the results 
oftheSPLPtest. 
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Results 
Physicochemical characterization 
Products collected at the end of the pyrolysis experiments were physically distinct from the 
control samples (no treatment). The products from Pr400-1 and Pr400-2 treatments were 
odorless and noticeably darker in color than the products from Pr200 treated samples. Pr200 
treated samples had a very strong aroma and were only slightly darker than the untreated 
samples. 
There was a slight increase in pH (0.5-0.8 pH units) of Pr400 treated samples with 
added biomass. There was not much change in pH as a result of the Pr200 treatments 
regardless of heating time and biomass addition (Table 8). With increased additions of 
biomass to the SAD4 soil, total OC content after pyrolysis treatment was notably increased 
from 1.9% (0% biomass) to a maximum of 7.8% (upon the addition of 15% biomass) (Table 
8). Compared to the control samples, CEC was reduced by more than 50% in all samples upon 
heat treatment. However, the Pr400 treatments resulted in higher reduction of CEC values than 
the corresponding Pr200 treatments (Table 8). The total elemental analysis revealed no 
significant losses of Pb, Zn, As, Cd, and Cu due to the pyrolysis treatments (Table 8). 
FTIR analysis did not show any noticeable difference in the surface chemistry of SAD4 
after any of the pyrolysis treatments (data not shown). However, SEM analysis revealed that 
the surface morphology of the samples after pyrolysis were distinctly different. The sharp 
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Table 8. Physicochemical characteristics of SAD4 soil before (control) and after pyrolysis 
treatments (mean values reported, n=2). 
pH OC CEC Cu Zn As Cd Pb 
% cmolc kg"1 
soil % 
SAD4 + 0% sawdust 
Control 
Pr200-1 
Pr200-2 
Pr400-1 
Pr400-2 
6.0 
6.1 
6.1 
6.3 
6.1 
1.88 
1.61 
1.74 
1.75 
1.75 
3.26 
2.43 
3.00 
1.12 
1.94 
0.40 
0.39 
0.40 
0.40 
0.40 
20.85 
19.45 
19.49 
21.24 
22.43 
0.07 
0.06 
0.06 
0.07 
0.08 
0.08 
0.07 
0.08 
0.08 
0.09 
3.92 
4.18 
4.02 
4.08 
4.62 
SAD4 + 5% sawdust 
Control 
Pr200-1 
Pr200-2 
Pr400-1 
Pr400-2 
6.1 
6.3 
6.3 
6.6 
6.7 
3.83 
3.76 
4.19 
3.34 
3.01 
6.13 
4.38 
5.00 
2.00 
2.32 
0.41 
0.41 
0.35 
0.39 
0.39 
19.37 
18.81 
20.53 
20.11 
21.00 
0.06 
0.07 
0.06 
0.06 
0.07 
0.08 
0.07 
0.08 
0.08 
0.08 
4.02 
3.89 
3.92 
4.34 
4.56 
SAD4 + 10% sawdust 
Control 
Pr200-1 
Pr200-2 
Pr400-1 
Pr400-2 
6.1 
6.0 
6.1 
6.6 
6.8 
6.46 
5.35 
7.85 
4.41 
5.19 
5.65 
5.08 
4.10 
2.42 
2.19 
0.34 
0.34 
0.37 
0.41 
0.44 
18.69 
18.58 
19.93 
21.00 
21.51 
0.06 
0.05 
0.08 
0.06 
0.06 
0.07 
0.07 
0.08 
0.08 
0.08 
3.69 
3.85 
4.33 
4.62 
4.65 
SAD4 +15% sawdust 
Control 
Pr200-1 
Pr200-2 
Pr400-1 
Pr400-2 
6.1 
5.9 
5.9 
6.6 
6.5 
8.13 
7.79 
7.43 
6.81 
6.59 
9.32 
5.88 
5.86 
2.15 
2.26 
0.36 
0.35 
0.39 
0.39 
0.44 
17.82 
18.35 
18.70 
19.13 
21.03 
0.06 
0.06 
0.07 
0.06 
0.06 
0.07 
0.07 
0.07 
0.07 
0.08 
3.65 
3.65 
3.98 
4.06 
4.12 
angular edges of the soil materials and fiber structure in the biomass were evident before the 
heat treatment (Figure 16a, 16b). Upon pyrolysis treatment, partially charred biomass was 
observed as surface coatings on particles of the soil materials as well as in some parts of the 
biomass (Figure 16c, 16d). 
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Leaching test 
The amounts of metals measured from the SPLP using the two extraction fluids (at pH 4.2 and 
5.0) were similar for all treatments. The results reported here are from the first extraction fluid 
(pH 4.2) (Figure 17). 
All pyrolysis treatments without biomass addition did not reduce the Zn concentrations 
in leachates. Pr200 treatments with 5% biomass addition also did not result in any significant 
change in Zn leaching. Pr200 treatments with 10 and 15% biomass addition, however, resulted 
in significant increases in Zn leaching. Zn in the leaching solution was significantly reduced 
by all Pr400 treatments with the addition of 5, 10, and 15% biomass (Figure 17a). 
There was a significant decline in levels of Pb in leachates upon Pr400 treatments 
without the addition of biomass. With the addition of 15% biomass, Pr200-2 treatment and 
both Pr400 treatments significantly increased Pb leaching (Figure 17b). 
All pyrolysis treatments, with or without the addition of biomass, were effective in 
reducing Cd in the leaching solution. The addition of 5, 10 and 15% biomass were more 
effective to further reduce Cd leaching as compared to treatments without any biomass 
addition. With the addition of 5 and 15% biomass, Cd leaching in Pr400 treated samples were 
significantly lower than Pr200 treated samples (Figure 17c). 
\ 
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Figure 16. SEM micrographs of before (a and b) and after 400° C pyrolysis treatment 
for 2 hrs (c and d) with the addition of 10% sawdust. 
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We did not detect any significant Cu (above background) levels in the leachates 
including the control samples (data not shown). The same was true for As leachability in 
control and Pr400 treated samples. However, As contents in leachates was increased by up to 
10-times above the background levels by Pr200 treatments with and without biomass addition 
(data not shown). 
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Figure 17a. SPLP test results for Zn. * = denotes statistically significant mean difference 
(p < 0.05, n=2) of metal leachability at each level of woody biomass addition. 
132 
4.5 
4.0 -, 
3.5 -
3.0 
2.5 
2» 2.0 
1.5 
1.0 
0.5 
0.0 
* 
u I 
T 
* 
Control Pr200-1 Pr200-2 Pr400-1 Pr400-2 
D0%WB D5%WB Q10%WB B15%WB 
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Figure 17c. SPLP test results for Cd. * = denotes statistically significant mean difference 
(p < 0.05, n=2) of metal leachability at each level of woody biomass addition. 
Sequential extraction 
Pyrolysis treatment with or without biomass addition had very little effect on the organic-
fractions of (F4) Pb and As (Table 9). However, both Pr200 and Pr400 treatments resulted in a 
substantial increase of Cd, Cu, and Zn in the F4 factions (Table 9). For these three metals, 
observed increase in the F4 was higher upon Pr400 treatments. The increase in F4 for Cd, Cu 
and Zn was slightly influenced by heating time and the addition of biomass. The increased Cd, 
Cu, and Zn in the organic fractions were associated with a notable decline in their 
corresponding carbonate (F2) and residual fractions (F5). There was a significant shift in the 
As fractionation from F5 (residual) to F3 (Fe/Mn-oxide associated fraction) and carbonate (F2) 
fractions upon pyrolysis treatments. Pyrolysis-induced shift for Pb was mainly a decline in F5 
with corresponding substantial increases in Pb carbonate (F2) fractions (Table 9). 
Discussion 
The degree of biomass charring was more related to the HTT than the duration of the heating 
time. At 200 °C, the added biomass was only partially decomposed with some physically 
distinct intact organic residue remaining at the end of each reaction. The slight discoloration 
and strong aroma in Pr200 treated products may suggest the impartial decomposition of the 
biomass at 200 °C. Upon doubling the HTT to 400 °C, more charring of the added biomass 
was achieved as revealed by the darker color of the product and the absence of any visible 
intact organic residues and aroma. Our data indicates 1 and 2 hr heating times at both HTT 
were equally effective to yield similar products (Table 8, Figure 16). The observed slight 
increase in the pH of the products upon the Pr400 treatments can be associated with the 
decomposition of metal carbonates to oxides (Kistler et al., 1987) and the decomposition of OC 
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Table 9. Sequential chemical fractionation* of As, Cd, Cu, Pb and Zn before and after 
pyrolysis treatments. 
F1 % F2 % F3 % F4 % F5 % 
a f b c d a b c d a b c d a b c d a b c d 
Arsenic 
Control <1 <1 <1 <1 2 2 1 2 23 21 23 25 12 11 8 6 63 65 67 66 
Pr200-1 <1 <1 <1 <1 2 8 9 8 19 47 54 47 12 12 9 5 67 33 27 39 
Pr200-2 <1 <1 <1 <1 2 7 8 10 17 39 42 51 11 10 7 6 70 43 43 33 
Pr400-1 <1 <1 <1 <1 15 20 8 9 60 66 54 45 7 6 5 6 17 8 33 40 
Pr400-2 <1 <1 <1 <1 16 19 9 10 62 69 52 46 7 5 5 5 16 6 34 39 
Cadmium 
Control 16 14 13 9 15 9 7 9 5 3 3 3 35 38 36 35 30 36 41 44 
Pr200-1 9 5 5 4 7 6 6 7 9 10 9 8 49 47 41 35 26 32 39 46 
Pr200-2 10 4 4 5 7 5 7 5 6 9 8 7 43 47 43 37 33 35 37 47 
Pr400-1 5 3 3 2 5 2 4 3 5 3 3 3 63 65 60 61 22 26 29 31 
Pr400-2 5 3 3 3 4 3 2 3 4 4 3 3 61 65 65 62 26 25 26 29 
Copper 
Control <1 <1 <1 <1 4 2 3 2 <1 <1 <1 <1 28 51 41 38 67 47 56 60 
Pr200-1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 41 41 38 36 58 58 62 63 
Pr200-2 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 40 40 36 34 60 60 64 65 
Pr400-1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 73 63 53 49 26 37 46 51 
Pr400-2 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 <1 69 57 68 57 31 43 32 43 
Lead 
Control 3 4 6 5 30 23 21 16 10 11 9 8 6 5 3 5 49 57 61 65 
Pr200-1 3 7 9 9 32 23 nd nd 11 10 15 11 4 6 7 7 50 54 nd nd 
Pr200-2 3 8 10 9 38 30 nd nd 9 12 12 12 3 6 5 6 47 44 nd nd 
Pr400-1 5 10 7 8 19 25 37 37 11 10 9 7 5 5 4 4 60 50 42 44 
Pr400-2 6 12 7 9 21 33 58 41 11 9 8 8 5 5 4 4 57 41 23 38 
Zinc 
Control 9 7 7 5 31 23 19 19 7 6 5 6 32 37 35 34 23 27 35 37 
Pr200-1 10 9 9 8 20 22 18 19 8 8 6 7 42 41 35 30 20 20 32 35 
Pr200-2 9 8 9 9 18 18 18 15 6 7 7 7 39 41 36 31 27 25 30 37 
Pr400-1 9 3 2 2 16 10 10 9 8 6 6 6 55 61 59 58 13 20 23 25 
Pr400-2 9 2 2 2 1 1 1 1 6 9 7 7 6 6 53 61 63 59 20 18 24 24 
* F l - exchangeable, F2- associated with carbonates, F3- associated with iron and 
manganese oxides, F4- associated with organic matter, and F5- residual fraction 
t a = 0%, b = 5%, c = 10%, d = 15% biomass addition 
nd = not determined 
and the release alkali metals above 300 °C (Maiti et al , 2006; Yuan et al., 2011). The 
successive increased addition of biomass was directly related to the increase of the total OC 
content of the pyrolysis products. Despite the substantial increase in the OC content, there was 
no apparent change in the surface chemistry of the samples as revealed by our FTIR analysis. 
This may suggest that the added biomass was only partially oxidized with no distinct and 
resolved functional groups observed in highly oxidized organic materials such as soil humus 
(Brady and Weil, 2002). Similarly, regardless of the increase in OC content, there was no 
substantial increase in CEC of all pyrolysed samples. This also indicates that charred biomass 
is initially chemical inert. Similar results are previously reported for an initially very low CEC 
value of fresh biochar with substantial increase in CEC and development of more functional 
groups upon ageing (Cheng et al., 2006; 2008). CEC is the measure of exchangeable cations 
adsorbed onto the negatively charged surfaces in soils (e.g., clays, organic matter, and Fe/Al -
oxides) (Brady and Weil, 2002). The consistent decline in the CEC upon all pyrolysis 
treatments can be attributed to several processes including the loss of some functional groups 
from the inherent soil organic matter upon heat treatment, the physical blocking of charged 
surfaces by the charred biomass or the destruction of the negative charges in 2:1 expanding 
clays. Arocena and Opio (2003) attributed the 20-28% reduction in CEC after prescribed 
burning to the disappearance of X-ray reflection at 1.7 nm characteristics for high-charged 
clays. The total elemental analysis conducted before and after pyrolysis treatment (Table 8) 
indicated no vapor loss of metals due to pyrolysis. Similar no vapor loss of Cu, Zn and Pb 
from a contaminated sediment treated at temperatures up to 800° C was reported by Zhang et 
al. (2009). 
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Previously, the SPLP test was regarded as an applicable test to evaluate metal leaching 
from inorganic wastes such as contaminated soils (Cao and Dermatas, 2008). Our SPLP data 
show that the success of metal encapsulation with biochar is dependent on several contributing 
factors including the type of metal, heating temperature and biomass addition. We attributed 
the significant decreases in Cd and Zn leaching due to encapsulation of metals with biochar 
(Figure 17a and c). While the decline in Cd leaching was enhanced by the addition of biomass, 
the inclusion of biomass was critical in the reduction of Zn in leachates. On the other hand, 
reduction in Pb leaching was only possible by heat treatment without biomass addition. This 
suggests that different metals behave differently upon heat treatment. The data from our SE 
analysis showing the notable increases in the organic factions (F4) of Zn and Cd without 
biomass addition suggests that pyrolysis treatment can be used to enhance metal complexation 
with the inherent SOM. We suggest that the additional biomass enhanced further decline in Zn 
and Cd leaching by physically coating the mineral grains with the charred biomass residue 
(Figure 16c). The lack of remarkable chemical changes (e.g., pH, CEC, and surface chemistry) 
after all pyrolysis treatments further suggests that changes in the leachability of metals are 
likely due to physical rather than chemical mechanisms. 
We found pyrolysis treatment at 400 °C for lh heating time with the addition of 5-10% 
biomass was the most effective treatment to reduce Zn and Cd leaching by up to 90 and 93%, 
respectively. Wijesekara et al. (2007) also reported similar results where Pb and Zn leaching 
was significantly reduced from a dredged sediment treated at 400 °C. Pr400 treatment with no 
biomass addition was also the most effective treatment to reduce Pb leaching by 43%. 
Increasing heating time to 2 hrs had very little effect to further reduce metal leaching. 
Similarly, there was little, if any, added benefits of increasing biomass addition above 10% to 
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reduce Cd and Zn leaching. On the other hand, our results also suggests that some pyrolysis 
treatments could have undesirable effects for some metals. For example, the amounts of As, 
Pb, and Zn in leachates increased upon pyrolysis treatments at 200 °C. From our SE data, we 
attributed these occasional increases in As, Pb and Zn leaching upon pyrolysis treatment to 
increases in the relatively easily soluble exchangeable (Fl) and carbonate (F2) fractions of the 
metals (Table 9). This shows that it is critical to understand the characteristic of different 
metals in contaminated soils and how they would behave to various heat treatments under 
different environments. 
Conclusion 
From our study, we conclude that there is a good potential to exploit pyrolytic processes to 
encapsulate or immobilize heavy metals such as Zn and Cd in contaminated soils with highly 
resilient biochar. Our assessment also indicates that heat treatment by itself can be effective to 
immobilize heavy metals such as Pb in contaminated soils. With further evaluation and 
refinement, we believe the immobilization of metals with biochar produced from co-pyrolysis 
of biomass and contaminated soil can be developed into a novel soil remediation approach with 
added economic, social, and environmental benefits. 
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CHAPTER SEVEN 
Conclusion and Recommendations 
The results from the laboratory dissolution study (Chapter 3) and growth chamber experiments 
(Chapter 5) have clearly demonstrated that organic acids that are abundant in rhizosphere soil 
are able to liberate Pb and P from pyromorphite. The observed dissolution rate by tall fescue 
plants was particularly high under P-deficient growth medium (Chapter 5). This observation 
supports previous speculation that despite the very low solubility, some plants and fungi are 
able to extract P from pyromorphite in P-starved environments. In the long-term, this 
dissolution of pyromorphite could result in the accumulation of the released Pb into plant 
biomass or in the soil environment which could have detrimental consequences. 
Chapter 4 further highlighted that caution should be exercised in the use of P-
amendments for the in situ stabilization of Pb and Zn in contaminated soils, because the 
efficiency rate of metal transformation to the desired Pb- and Zn- P minerals was < 40%. 
Moreover, these results clearly demonstrate that the use of direct solid-state speciation using 
synchrotron-based XAS analysis is the most reliable technique to evaluate the success of the in 
situ P metal stabilization method. 
The merits of in situ metal stabilization by P amendments based on indirect measures 
such as the decline in Pb content in leachates and plant Pb uptake is questionable. For example, 
there is a strong evidence that pyromorphite formation in soils after P-amendment is often 
incomplete, hence, a decline in plant Pb uptake after P-amendments cannot be solely attributed 
to pyromorphite formation. High rate of P-amendments that are often required to enhance 
pyromorphite formation can induce drastic changes in the soil solution chemistry and kinetics 
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of soil processes (Chapter 4) which could possibly contribute to initial declines in the plant Pb 
uptake more than the formation of pyromorphite. Such indirect assessments should only be 
used as complementary data rather than as the major indicator for the efficiency of any in situ 
remediation method. Further considerations should be taken as plants may vary in their 
tolerance mechanisms to metal stressors with very specific selection and the accumulation of 
metals either in their shoot or root biomass (Chapter 5). 
Some limitations such as a poor understanding of Zn-P chemistry within the soil and in 
the laboratory and the unavailability of relevant synthetic Zn-P compounds have constricted 
the study of the dissolution kinetics of Zn-P and their potential interaction with Pb-P in Pb- and 
Zn-contaminated soils. Moreover, despite the very high levels of Zn in the study soil, the 
observed efficiency of Zn-P formation was even lower than pyromorphite formation (Chapter 
4). These results would lead to the conclusion that phosphate amendments for the remediation 
of Zn contaminated soils are perhaps not the most efficacious approach, but there is definitely 
the need for further research. 
The tendency of metals to form complexes with soil organic matter; or conversely the 
inhibitory role of organics in soil environments for the formation of metal phosphates (Chapter 
4) is one of the most significant findings of the current work. Specifically, organic acids such 
as oxalic and citric acids in rhizosphere soil were found to have an inhibitory role in the 
formation of pyromorphite and Zn-P (Chapter 4). This adds specific information to the 
existing knowledge that soil organic matter contribute to the poor efficiency of in situ 
phosphate immobilization of Pb and Zn. 
The interaction between organics and metals in soils can potentially be further 
exploited to develop innovative options to remediate metal contaminated soils. The co-
145 
pyrolysis of biomass and contaminated soils (Chapter 6) significantly increased the organic 
carbon content of the soil that lead to enhanced immobilization of Cd and Zn with biochar. 
The initial findings reported in Chapter 6, the first of its kind to date, indicated that this 
approach can indeed be efficient in immobilizing metals such as Cd, Zn, and to some extent Pb 
in contaminated soils (Chapter 6). 
Potential research topics in the area of in situ metal stabilization via P amendments can 
be focused on: 1) improving the efficiency of the formation of the desired metal phosphates 
under various soil environments, 2) minimizing the use of excess inorganic phosphate during 
treatment, and 3) establishing site specific soil and environmental factors where phosphate 
amendment would be considered as the most efficient approach in the long-term. 
Future research in the use of pyrolysis treatment to immobilize metals within biochar 
may include aspects such as evaluating different sources of the starting organic material and 
variations in the pyrolysis treatment conditions (temperature, heating rate, pressure) to 
determine the most efficient method to immobilize metals in contaminated soils. In the 
characterization of the pyrolysis products, the use of thermochemical techniques such as 
differential thermal analysis and thermogravimetric analysis along with conventional methods 
used in this work are recommended to better understand the mechanisms involved in the 
immobilization of the metals upon partial oxidation. Research on the long-term stability of the 
immobilized metals in soil environments, particularly in rhizosphere soil, will be equally 
valued. 
In conclusion, a sound environmental management option can only be made through a 
decision-making process that is based on a solid understanding of the fate of pollutants in the 
environment. I believe that the use of P amendment to immobilize Pb and Zn is still relevant 
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and can be a useful remediation option under certain circumstances. However, it is imperative 
to consider its long-term stability and site specific factors for maximum efficiency. "Across the 
board" blanket recommendations for the use of P-amendment remediation practices should be 
avoided. I recommend a pre-assessment of the efficiency of an intended in situ phosphate 
immobilization method should be carried out for individual sites before undertaking any full-
scale effort. In doing so, the use of reliable and direct evaluation of the efficiency of the 
formation of the target metal phosphates (such as solid-state metal speciation using XAS) is 
highly recommended. 
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APPENDIX 
Appendix 1. Sequential extraction analytical variability -QC/QA, 
Sample ID* 
Blank 
Blank 
Blank 
mean 
standard dev 
Aleza Btg 
Aleza Btg 
Aleza Btg 
mean 
standard dev 
Blank 
Blank 
Blank 
mean 
standard dev 
Aleza Btg 
Aleza Btg 
Aleza Btg 
mean 
standard dev 
Blank 
Blank 
Blank 
mean 
standard dev 
Aleza Btg 
Aleza Btg 
Aleza Btg 
mean 
standard dev 
Blank 
Blank 
Blank 
mean 
standard dev 
Aleza Btg 
Aleza Btg 
Aleza Btg 
mean 
standard dev 
fraction 
F1 
F1 
F1 
F1 
F1 
F1 
F2 
F2 
F2 
F2 
F2 
F2 
F3 
F3 
F3 
F3 
F3 
F3 
F4 
F4 
F4 
F4 
F4 
F4 
volume (ml) 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
40 
40 
40 
40 
40 
40 
60 
60 
60 
60 
60 
60 
ug/ml 
Zn 
0.25 
0.13 
0.16 
0.18 
0.06 
0.21 
0.22 
0.17 
0.20 
0.03 
0.98 
0.56 
0.35 
0.63 
0.32 
0.96 
0.41 
0.44 
0.60 
0.31 
0.62 
0.42 
0.32 
0.45 
0.15 
0.55 
0.48 
0.50 
0.51 
0.04 
0.46 
0.37 
0.40 
0.41 
0.04 
0.91 
0.46 
0.47 
0.61 
0.26 
ug/ml 
Pb 
0.01 
0.01 
0.01 
0.01 
0.00 
0.05 
0.05 
0.04 
0.05 
0.00 
0.02 
0.02 
0.02 
0.02 
0.00 
0.24 
0.01 
0.00 
0.09 
0.13 
0.05 
0.10 
0.04 
0.07 
0.03 
0.23 
0.07 
0.08 
0.13 
0.09 
0.00 
0.00 
0.00 
0.00 
0.00 
0.14 
0.05 
0.06 
0.08 
0.05 
ugrnil 
P 
0.04 
0.03 
0.03 
0.03 
0.00 
0.04 
0.03 
0.02 
0.03 
0.01 
0.04 
<0.01 
<0.01 
0.04 
0.03 
0.02 
0.01 
0.02 
0.01 
0.10 
0.04 
0.04 
0.06 
0.03 
0.43 
0.38 
0.40 
0.40 
0.03 
<0.01 
<0.01 
<0.01 
0.03 
0.03 
<0.01 
0.03 
0.00 
* oven dried sample weight = l.OOg, dilution factor =1.5 
Appendix 2. Mean (± SD) of Zn in exchangeable (Fl), carbonate (F2), Fe/Mn-oxide, and 
organic (F4) fraction obtained by sequential extraction (Chapter 4). 
SAD4 
Control 
OP+DTPA 
OP+Oxalic 
OP+Citric 
0.5%P 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Citric 
1%P 
1%P + DTPA 
1%P + Oxalic 
1%P + Citric 
F1 
2.59 (0.06) 
2.20 (0.05) 
2.53 (0.05) 
2.54(0.11) 
2.60(0.11) 
2.71(0.17) 
2.74(0.11) 
2.67 (0.09) 
2.55 (0.07) 
2.88(0.18) 
3.08 (0.04) 
3.01(0.06) 
3.20 (0.07) 
F2 
0/ 
5.75 (0.56) 
6.03 (0.06) 
7.41 (1.57) 
6.30 (0.20) 
5.45 (0.14) 
4.39 (0.83) 
4.49 (0.47) 
4.86 (0.62) 
5.15(0.43) 
2.83 (0.42) 
2.48(0.10) 
2.82 (0.30) 
2.70 (0.34) 
F3 
1.7(0.18) 
1.83(0.09) 
1.78(0.19) 
1.70(0.21) 
1.53(0.04) 
2.27 (0.05) 
2.26(0.16) 
2.29 90.12) 
2.36(0.13) 
2.59(0.10) 
2.41 (0.07) 
2.61 (0.04) 
2.66(0.12) 
F4 
6.90 (0.36) 
7.38 (0.22) 
7.33 (0.57) 
6.68 (0.35) 
7.18(0.08) 
7.01 (0.41) 
7.02(0.13) 
7.43 (0.23) 
7.01 (0.03) 
6.36 (0.52) 
6.69(0.18) 
6.25(0.13) 
6.51 (0.29) 
Appendix 3. Mean (± SD) of Pb in exchangeable (Fl), carbonate (F2), Fe/Mn-oxide, and 
organic (F4) fraction obtained by sequential extraction (Chapter 4). 
F1 F2 F3 F4 
SAD4 
Control 
OP+DTPA 
OP+Oxalic 
OP+Citric 
0.5%P 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Citric 
1%P 
1%P + DTPA 
1%P + Oxalic 
1%P +Citric 
0.32 (0.02) 
0.23(0.01) 
0.28 (0.03) 
0.25 (0.02) 
0.31 (0.01) 
0.40 (< 0.01) 
0.38 (0.02) 
0.46(0.01) 
0.33 (0.02) 
0.24(0.01) 
0.21 (<0.01) 
0.23 (< 0.01 
0.21 (<0.01) 
% — 
1.42 90.14) 
1.76(0.06) 
1.32(0.26) 
1.35(0.11) 
1.72(0.06) 
1.13(0.24) 
1.12(0.12) 
0.88 (0.05) 
1.04(0.27) 
0.43 (0.02) 
0.43 (0.02) 
0.48 (0.03) 
0.45 (0.02) 
0.72 (0.07) 
0.73 (0.08) 
0.58(0.01) 
0.58 (0.08) 
0.60 (0.05) 
0.29 (0.03) 
0.32 (0.02) 
0.30 (0.02) 
0.35(0.01) 
0.15(0.01) 
0.16 (< 0.01) 
0.17(0.01) 
0.15 (< 0.01) 
0.69(1.2) 
0.38 (0.02) 
0.47(0.14) 
0.25 (0.06) 
0.37 (0.06) 
1.61 (0.24) 
1.63(0.04) 
1.42 (0.20) 
1.69(0.06) 
2.38 (0.06) 
2.27(0.16) 
2.23 (0.09) 
2.42 (0.23) 
Appendix 4. Mean (± SD) of P in exchangeable (Fl), carbonate (F2), Fe/Mn-oxide, and 
organic (F4) fraction obtained by sequential extraction (Chapter 4). 
F1 F2 F3 F4 
SAD4 
Control 
OP+DTPA 
OP+Oxalic 
OP+Citric 
0.5%P 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Citric 
1%P 
1%P + DTPA 
1%P +Oxalic 
1%P +Citric 
nd* 
nd 
nd 
1.08 
nd 
1.38(0.63) 
1.56 (0.42) 
1.08(0.31) 
1.98(0.25) 
8.94(1.20) 
16.08(1.16) 
13.80(1.10) 
16.38(3.06) 
— mg /kg — 
8.40 (0.55) 
14.28(1.10) 
12.60(2.16) 
9.96(0.91) 
11.76(0.91) 
96.72(20.21) 
117.84(2.89) 
136.68(4.09) 
35.16(17.73) 
273.78(29.18) 
296.70 (22.03) 
205.56(16.49) 
290.22 (58.90) 
20.80(1.39) 
29.80 (6.30) 
35.60(19.07) 
25.20 (4.33) 
36.40(3.81) 
975.00 (44.90) 
911.40(128.88) 
952.80(111.33) 
841.80(57.75) 
3002.40(192.47) 
3166.20(233.83) 
2979.00(13.59) 
3310.20(86.46) 
nd 
nd 
nd 
nd 
3.60 
2.70 
nd 
1.80(1.27) 
22.80(17.69) 
15.30(5.90) 
36.00 (17.98) 
26.40(16.11) 
* value below detection limit. 
Appendix 5. Sequential extraction analysis ICP -MS raw data (Chapter 
Sample ID 
Blank 
Blank 
Blank 
Aleza Btg 
Aleza Btg 
Aleza Btg 
SAD4 
SAD4 
SAD4 
Control 
Control 
Control 
standard 1 
standard2 
OP + DTPA 
OP + DTPA 
OP + DTPA 
OP + Oxalic 
OP + Oxalic 
OP + Oxalic 
OP + Citric 
OP + Citric 
OP + Citric 
0.5%P 
0.5%P 
0.5%P 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Citric 
0.5%P + Citric 
0.5%P + Citric 
standard 1 
standard2 
1%P 
1%P 
1%P 
fraction 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
volume (ml) 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
ug/ml 
Zn 
0.25 
0.13 
0.16 
0.21 
0.22 
0.17 
707.13 
711.81 
736.47 
611.91 
626.49 
596.61 
52.61 
29.83 
719.91 
695.79 
696.87 
671.13 
711.72 
731.97 
754.56 
693.36 
719.82 
724.77 
727.38 
806.67 
730.17 
764.82 
791.37 
733.50 
768.24 
720.00 
696.42 
698.67 
731.70 
51.70 
28.85 
765.09 
778.14 
857.79 
ug/ml 
Pb 
0.01 
0.01 
0.01 
0.05 
0.05 
0.04 
98.76 
83.91 
84.16 
66.77 
61.08 
62.43 
50.11 
29.11 
85.87 
70.56 
76.45 
65.43 
70.85 
74.00 
88.79 
86.51 
85.39 
111.37 
111.33 
113.23 
99.51 
108.83 
111.47 
125.13 
129.47 
125.13 
129.97 
88.07 
95.25 
50.03 
28.31 
66.35 
65.09 
70.22 
ug/ml 
P 
0.04 
0.03 
0.03 
0.04 
0.03 
0.02 
0.02 
0.01 
0.02 
0.02 
0.02 
0.02 
5.02 
2.81 
0.01 
0.02 
0.02 
0.08 
0.02 
0.02 
0.02 
0.02 
0.03 
0.05 
0.09 
0.07 
0.06 
0.08 
0.08 
0.07 
0.05 
0.07 
5.09 
0.08 
0.09 
5.01 
2.73 
0.25 
0.32 
0.27 
Appendix 5. Continued... 
Sample ID 
1%P + DTPA 
1%P + DTPA 
1%P + DTPA 
1%P + Oxalic 
1%P + Oxalic 
1%P + Oxalic 
1%P + Citric 
1%P + Citric 
1%P +Citric 
standard 1 
standard2 
Blank 
Blank 
Blank 
Aleza Btg 
Aleza Btg 
Aleza Btg 
SAD44 
SAD44 
SAD44 
Control 
Control 
Control 
standard 1 
standard2 
OP + DTPA 
OP + DTPA 
OP + DTPA 
OP + Oxalic 
OP + Oxalic 
OP + Oxalic 
OP + Citric 
OP + Citric 
OP + Citric 
0.5%P 
0.5%P 
0.5%P 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Oxalic 
fraction 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
volume (ml) 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
ug/mi 
Zn 
841.59 
858.06 
864.36 
846.45 
846.27 
819.18 
904.50 
896.94 
865.89 
53.86 
28.43 
0.98 
0.56 
0.35 
0.96 
0.41 
0.44 
1421.50 
1673.50 
1701.50 
1661.00 
1672.00 
1695.00 
52.08 
25.98 
1559.00 
2359.00 
2255.50 
1765.50 
1687.00 
1796.00 
1470.00 
1539.50 
1537.50 
1267.00 
1423.50 
969.05 
1335.00 
1098.00 
1309.00 
1301.00 
1542.50 
1211.00 
ug/ml 
Pb 
57.75 
57.47 
57.18 
63.41 
63.06 
62.63 
57.80 
58.13 
58.71 
49.91 
28.16 
0.02 
0.02 
0.02 
0.24 
0.01 
0.00 
437.00 
381.27 
361.77 
486.53 
475.37 
507.10 
50.68 
25.13 
449.60 
317.77 
330.53 
340.80 
378.73 
401.63 
488.97 
487.30 
460.17 
246.73 
310.17 
381.13 
323.00 
336.63 
271.90 
255.97 
229.80 
245.10 
ug/mi 
P 
0.44 
0.49 
0.50 
0.38 
0.42 
0.44 
0.49 
0.40 
0.57 
5.02 
2.72 
0.04 
<0.01 
<0.01 
0.03 
0.02 
0.01 
0.26 
0.29 
0.27 
0.43 
0.47 
0.41 
3.91 
1.78 
0.33 
0.45 
0.39 
0.32 
0.29 
0.34 
0.37 
0.34 
0.39 
3.36 
2.29 
2.53 
3.23 
3.32 
3.39 
3.71 
3.87 
3.93 
Appendix 5. Continued... 
Sample ID 
0.5%P + Citric 
0.5%P + Citric 
0.5%P + Citric 
standard 1 
standard2 
1%P 
1%P 
1%P 
1%P + DTPA 
1%P + DTPA 
1%P + DTPA 
1%P +Oxalic 
1%P +Oxalic 
1%P +Oxalic 
1%P +Citric 
1%P +Citric 
1%P +Citric 
standard 1 
standard2 
Blank 
Blank 
Blank 
Aleza Btg 
Aleza Btg 
Aleza Btg 
SAD44 
SAD44 
SAD44 
Control 
Control 
Control 
OP + DTPA 
OP + DTPA 
OP + DTPA 
OP + Oxalic 
OP + Oxalic 
OP + Oxalic 
OP + Citric 
OP + Citric 
OP + Citric 
0.5%P 
0.5%P 
0.5%P 
fraction 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
volume (ml) 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
24 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
ug/ml 
Zn 
1467.00 
1298.00 
1527.00 
51.78 
25.77 
917.45 
743.80 
698.35 
716.60 
661.40 
690.10 
876.20 
717.40 
753.70 
840.95 
758.70 
650.20 
52.85 
26.01 
0.62 
0.42 
0.32 
0.55 
0.48 
0.50 
256.31 
314.24 
278.72 
310.54 
288.76 
317.25 
260.83 
320.68 
311.01 
251.26 
280.49 
320.01 
251.11 
263.43 
250.74 
385.01 
383.50 
369.72 
ug/mi 
Pb 
240.77 
377.23 
252.30 
50.57 
25.05 
121.97 
123.13 
113.57 
121.50 
113.50 
120.13 
135.07 
125.53 
143.43 
130.03 
126.13 
117.13 
51.43 
25.23 
0.05 
0.10 
0.04 
0.23 
0.07 
0.08 
132.60 
118.13 
109.27 
118.07 
110.13 
135.00 
99.13 
94.80 
97.16 
80.69 
103.33 
106.27 
95.15 
110.53 
96.11 
48.95 
42.39 
51.56 
ug/mi 
P 
1.56 
0.60 
0.89 
3.93 
1.78 
7.50 
6.92 
8.52 
8.63 
8.65 
7.58 
5.81 
6.18 
5.27 
6.90 
7.44 
9.97 
3.89 
1.78 
0.10 
0.04 
0.04 
0.43 
0.38 
0.40 
0.42 
0.38 
0.42 
0.56 
0.66 
0.45 
1.01 
0.55 
0.40 
0.50 
0.54 
0.40 
0.63 
0.63 
0.74 
15.75 
17.16 
16.02 
Appendix 5. Continued... 
Sample ID 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Citric 
0.5%P + Citric 
0.5%P + Citric 
standard 1 
standard2 
1%P 
1%P 
1%P 
1%P + DTPA 
1%P + DTPA 
1%P + DTPA 
1%P +Oxalic 
1%P +Oxalic 
1%P + Oxalic 
1%P + Citric 
1%P +Citric 
1%P +Citric 
Blank 
Blank 
Blank 
Aleza Btg 
Aleza Btg 
Aleza Btg 
SAD44 
SAD44 
SAD44 
Control 
Control 
Control 
OP + DTPA 
OP + DTPA 
OP + DTPA 
OP + Oxalic 
OP + Oxalic 
OP + Oxalic 
OP + Citric 
OP + Citric 
OP + Citric 
fraction 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
volume (ml) 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
40 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
ug/mi 
Zn 
399.98 
348.66 
382.04 
391.14 
396.92 
360.78 
371.64 
396.76 
413.76 
52.19 
25.91 
451.62 
426.92 
420.21 
394.73 
396.19 
414.44 
438.72 
426.87 
440.18 
462.80 
444.44 
422.29 
0.46 
0.37 
0.40 
0.91 
0.46 
0.47 
802.10 
724.10 
774.96 
823.68 
842.24 
794.30 
886.34 
788.63 
769.18 
720.72 
720.51 
787.64 
789.00 
798.46 
806.05 
ug/mi 
Pb 
52.94 
56.13 
50.51 
51.96 
47.53 
52.67 
59.13 
60.71 
57.24 
51.65 
25.40 
23.72 
27.89 
25.11 
27.16 
27.66 
26.90 
26.18 
27.49 
30.07 
25.50 
25.81 
25.91 
0.00 
0.00 
0.00 
0.14 
0.05 
0.06 
91.47 
70.70 
67.55 
41.84 
44.60 
39.13 
46.27 
40.08 
68.80 
25.20 
22.70 
35.30 
37.51 
48.89 
35.93 
ug/mi 
P 
15.57 
12.96 
17.22 
15.42 
18.00 
14.40 
13.17 
14.01 
15.09 
4.95 
2.46 
46.53 
51.03 
52.74 
50.58 
50.58 
57.33 
49.50 
49.68 
49.95 
55.17 
53.82 
56.70 
<0.01 
<0.01 
<0.01 
0.03 
0.03 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
<0.01 
Appendix 5. Continued... 
Sample ID 
0.5%P 
0.5%P 
0.5%P 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + DTPA 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Oxalic 
0.5%P + Citric 
0.5%P + Citric 
0.5%P + Citric 
standard 1 
standadard2 
1%P 
1%P 
1%P 
1%P + DTPA 
1%P + DTPA 
1%P + DTPA 
1%P +Oxalic 
1 %P + Oxalic 
1%P +Oxalic 
1%P +Citric 
1%P +Citric 
1%P +Citric 
standard 1 
standard2 
fraction 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
volume (ml) 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
60 
ug/ml 
Zn 
747.92 
757.48 
831.22 
795.50 
780.26 
766.90 
855.14 
815.00 
806.47 
782.55 
778.96 
776.10 
49.55 
24.24 
719.37 
643.55 
757.69 
762.01 
747.29 
721.66 
711.10 
691.18 
683.85 
686.09 
741.88 
742.25 
49.04 
24.00 
ug/mi 
Pb 
158.60 
170.53 
208.93 
180.17 
186.53 
177.83 
179.23 
159.37 
135.37 
185.03 
183.63 
195.43 
49.48 
24.14 
270.47 
257.37 
263.83 
243.63 
272.33 
240.67 
250.37 
237.50 
256.53 
288.87 
277.00 
240.53 
49.49 
24.22 
ug/mi 
P 
<0.01 
0.08 
0.03 
0.04 
0.03 
0.07 
0.03 
0.01 
<0.01 
0.01 
0.07 
0.05 
4.82 
2.27 
0.19 
0.52 
0.17 
0.15 
0.28 
0.20 
0.34 
0.31 
0.67 
0.53 
0.29 
0.18 
4.77 
2.20 
Appendix 6. Sequential extraction analysis ICP -MS raw data (Chapter 6). 
ng/ml ng/ml ng/ml ng/ml ng/ml volume dilution 
Sample ID* 
Blank 
SAD4 
SAD4 
5%OC 
5%0C 
10%OC 
10%OC 
15%OC 
15%OC 
0-200-1 
0-200-1 
0-200-2 
0-200-2 
0-400-1 
0-400-1 
0-400-2 
0-400-2 
Blank 
5-200-1 
5-200-1 
5-200-2 
5-200-2 
5-400-1 
5-400-1 
5-400-2 
5-400-2 
standard 
10-200-1 
10-200-1 
10-220-2 
10-200-2 
10-400-1 
10-400-1 
10-400-2 
10-400-2 
standard 
15-200-1 
15-200-1 
15-200-2 
15-200-2 
15-400-1 
15-400-1 
15-400-2 
15-400-2 
Fraction 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
F1 
Cu 
8 
272 
306 
183 
37 
32 
338 
49 
60 
26 
7 
66 
13 
18 
12 
10 
12 
3 
9 
9 
13 
6 
38 
22 
100 
17 
37 
9 
17 
10 
8 
12 
16 
22 
16 
26 
7 
16 
22 
36 
18 
35 
17 
74 
Zn 
367 
688200 
700450 
594450 
537300 
464050 
613800 
349650 
414750 
773350 
859050 
712250 
821950 
759500 
690350 
802200 
644100 
145 
693800 
759000 
641400 
700300 
275600 
157450 
199600 
132650 
27290 
647850 
762700 
673550 
707850 
200450 
119150 
168600 
129900 
22095 
581350 
650900 
739750 
789450 
128900 
218500 
158550 
160900 
As 
4 
8 
5 
6 
6 
6 
5 
6 
4 
25 
30 
28 
40 
20 
28 
24 
16 
2 
52 
40 
59 
24 
58 
47 
83 
45 
1 
53 
38 
47 
38 
23 
27 
28 
22 
1 
40 
48 
48 
38 
18 
27 
18 
27 
Cd 
1 
5093 
4896 
4494 
4081 
3564 
4685 
2491 
3153 
3157 
2365 
3786 
2469 
1625 
1516 
1500 
1447 
0 
1521 
1532 
1339 
1414 
1002 
936 
874 
978 
0 
1479 
1654 
1366 
1463 
1205 
810 
1268 
858 
0 
1426 
1324 
1497 
1693 
865 
626 
1155 
489 
Pb 
56 
59720 
46293 
84740 
36277 
75373 
99577 
87907 
80367 
41563 
58147 
45190 
55253 
54667 
99910 
80507 
105000 
29 
110133 
107967 
124867 
123100 
181967 
139733 
185167 
142233 
28143 
132033 
145267 
162600 
139433 
99240 
130167 
83847 
135200 
23527 
117867 
143933 
137733 
135100 
91743 
150467 
60513 
204800 
ml 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
factor 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
Appendix 6. Continued ... 
ng/ml 
Sample ID Fraction Cu 
Blank 
Blank 
SAD4 
SAD4 
5%OC 
5%OC 
10%OC 
10%OC 
15%0C 
15%0C 
0-200-1 
0-200-1 
0-200-2 
0-200-2 
0-400-1 
0-400-1 
0-400-2 
0-400-2 
Blank 
5-200-1 
5-200-1 
5-200-2 
5-200-2 
5-400-1 
5-400-1 
5-400-2 
5-400-2 
standard 
10-200-1 
10-200-1 
10-220-2 
10-200-2 
10-400-1 
10-400-1 
10-400-2 
10-400-2 
standard 
15-200-1 
15-200-1 
15-200-2 
15-200-2 
15-400-1 
15-400-1 
F1 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
F2 
6 
19.195 
7096 
3980.5 
3110.5 
2263 
4191.5 
3950 
2795 
3352.5 
33.41 
20.81 
142 
25.48 
78.065 
41.77 
61.84 
58.68 
13.19 
21.035 
24.615 
24.025 
14.205 
127.05 
88.73 
191.3 
50.665 
45.395 
23.3 
27.25 
24.74 
20.765 
80.39 
94.82 
78.275 
72.21 
43.83 
31.57 
41.555 
30.09 
59.85 
82.95 
218.4 
ng/ml 
Zn 
339 
23.5725 
2175600 
2757825 
1418025 
2331000 
1602825 
1409100 
1390200 
1617000 
1456350 
1781850 
1263150 
1660050 
1391250 
1117200 
975923 
806138 
53.5868 
1732500 
1765575 
1374450 
1590750 
680348 
865200 
912083 
1146600 
24874.5 
1197525 
1771875 
1160775 
1759800 
1083075 
535290 
501113 
424620 
24554.3 
2106825 
1045223 
1211700 
1288875 
730695 
644438 
ng/ml 
As 
2 
1.171 
330.1 
484.6 
328.8 
828.1 
387 
257.1 
504.9 
645 
271.9 
514.9 
261.3 
695.4 
3462 
3580 
3412 
3923 
2.998 
2115 
1749 
1802 
1520 
5114 
4285 
4377 
2811 
1.11 
2475 
1969 
2160 
1565 
1375 
2459 
2112 
1958 
0.4898 
1429 
2308 
2009 
2717 
1719 
2477 
ng/ml 
Cd 
1 
0.15165 
4333 
4815.5 
1895 
4061.5 
2473.5 
1903.5 
2755.5 
2794.5 
1981 
2431 
2328 
2333.5 
1710.5 
1634.5 
1565.5 
1052.5 
0.2382 
1848.5 
2089.5 
1471 
1591.5 
720.4 
740.8 
1047.5 
901.8 
0.28945 
1619.5 
2312 
1204 
3001.5 
1488 
822 
818.35 
567.3 
0.116 
3142.5 
1409 
1315.5 
1740.5 
912 
674.45 
ng/ml volume dilution 
Pb 
65 
25.4133 
484000 
447300 
442200 
248800 
269933 
388533 
258300 
228667 
516133 
472567 
722667 
431600 
308567 
263367 
312833 
327067 
75.72 
341367 
355067 
319267 
590633 
156733 
609100 
504067 
484867 
24886.7 
1079667 
1057333 
1044333 
921300 
466967 
672600 
1095333 
675400 
24436.7 
940467 
1039667 
1006033 
1013333 
618267 
526867 
ml 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
10 
factor 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
1.33 
Appendix 6. Continued 
ng/ml 
Sample ID Fraction Cu 
15-400-2 
15-400-2 
Blank 
Blank 
SAD4 
SAD4 
5%OC 
5%OC 
10%OC 
10%OC 
15%OC 
15%OC 
0-200-1 
0-200-1 
0-200-2 
0-200-2 
0-400-1 
0-400-1 
0-400-2 
0-400-2 
Blank 
5-200-1 
5-200-1 
5-200-2 
5-200-2 
5-400-1 
5-400-1 
5-400-2 
5-400-2 
standard 
10-200-1 
10-200-1 
10-220-2 
10-200-2 
10-400-1 
10-400-1 
10-400-2 
10-400-2 
standard 
15-200-1 
15-200-1 
15-200-2 
15-200-2 
F2 
F2 
F2 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
F3 
69.775 
145.9 
13.345 
16.735 
291.85 
172.6 
184.25 
224.75 
197.5 
200.25 
192.25 
192.9 
322.9 
318.7 
445.8 
206.1 
109.8 
48 
98.2 
54.89 
8.0355 
256.7 
296.85 
267.25 
317.9 
67.105 
48.935 
60.53 
23.23 
48.075 
201.1 
249.15 
247.5 
141.95 
54.94 
47.27 
48.45 
41.43 
44.355 
213.05 
218.05 
201.8 
212.7 
ng/ml 
Zn 
574613 
827190 
63.4515 
329.95 
265400 
294850 
235250 
249200 
204850 
188450 
289700 
242900 
317050 
335700 
287450 
248000 
325650 
334050 
284400 
329100 
146.6 
291550 
392200 
317300 
271350 
278050 
272900 
287050 
571100 
24700 
250950 
298000 
278750 
356800 
291600 
229500 
272500 
225500 
24040 
388800 
253500 
271000 
288450 
ng/ml 
As 
1912 
2906 
2.955 
1.055 
3055 
2633 
2618 
2578 
2902 
2962 
3329 
2970 
2158 
2557 
2035 
2233 
7237 
7868 
7273 
8163 
3.712 
6481 
5239 
5316 
4527 
8446 
8040 
8666 
11330 
0.4779 
7544 
5890 
5297 
5090 
7074 
6315 
6785 
6295 
0.8722 
5127 
6681 
5705 
7054 
ng/ml 
Cd 
1076.5 
839.6 
0.2231 
0.00351 
920 
701 
416.2 
521 
495.1 
398.45 
623.6 
480.85 
1160.5 
1912.5 
894.4 
1168.5 
927.55 
845.75 
738.8 
676.4 
0.06649 
1602 
1610.5 
1350 
1499.5 
588.25 
572.15 
752.95 
842.25 
0.0809 
1388 
1781 
1111.5 
1679 
572.25 
524.3 
590.8 
454 
0.04418 
1466.5 
1145 
1061 
1128 
ng/ml volume dilution 
Pb 
748733 
513567 
165.8 
15.6933 
84300 
85570 
89113.3 
92400 
69720 
74950 
57853.3 
75686.7 
82686.7 
89230 
74766.7 
75730 
87420 
96350 
84863.3 
90533.3 
31.6467 
93686.7 
71253.3 
92103.3 
109000 
76880 
80280 
75600 
85463.3 
25090 
105433 
132100 
100680 
95663.3 
71830 
77933.3 
63343.3 
62710 
24050 
77560 
94616.7 
95083.3 
100820 
ml 
10 
10 
10 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
20 
factor 
1.33 
1.33 
1.33 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
1.25 
Appendix 6. 
Sample ID 
15-400-1 
15-400-1 
15-400-2 
15-400-2 
Blank 
Blank 
SAD4 
SAD4 
5%OC 
5%OC 
10%OC 
10%OC 
15%OC 
15%OC 
0-200-1 
0-200-1 
0-200-2 
0-200-2 
0-400-1 
0-400-1 
0-400-2 
0-400-2 
Blank 
5-200-1 
5-200-1 
5-200-2 
5-200-2 
5-400-1 
5-400-1 
5-400-2 
5-400-2 
standard 
10-200-1 
10-200-1 
10-220-2 
10-200-2 
10-400-1 
10-400-1 
10-400-2 
10-400-2 
standard 
Continued ... 
Fraction 
F3 
F3 
F3 
F3 
F3 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
ng/ml 
Cu 
56.58 
59.76 
49.195 
90.37 
7.319 
11.82 
11375 
19700 
28185 
27880 
20070 
25010 
19085 
22055 
21215 
23820 
21420 
21850 
42995 
37330 
37600 
37665 
77.845 
23800 
21480 
22710 
20620 
33045 
35780 
31180 
19560 
16.38 
21630 
19875 
20440 
18825 
26465 
32070 
39470 
34565 
31.055 
ng/ml 
Zn 
295700 
223350 
217600 
314350 
70.98 
289.6 
799350 
1156000 
1140500 
1137500 
1025000 
1116000 
976950 
1101000 
1218000 
1391500 
1128500 
1271500 
1681000 
1678000 
1621500 
1606500 
2062.5 
1224500 
1295500 
1254000 
1296000 
1879000 
1899000 
1878500 
1197000 
536.75 
1108500 
1025000 
1007000 
1224000 
1712000 
1906000 
1882000 
1959000 
27600 
ng/ml 
As 
7138 
4094 
5570 
5884 
4.526 
1.06 
1157 
1050 
1001 
1041 
634.9 
784 
479 
628.1 
1033 
1130 
895.4 
989.9 
659.6 
640.3 
664.3 
603.7 
2.648 
1112 
952.4 
910.3 
915.4 
531.7 
601.4 
480.4 
305.2 
1.451 
957.5 
687.7 
621.8 
661.4 
472.7 
459.6 
492.2 
448.3 
0.951 
ng/ml 
Cd 
495.25 
346.2 
468.85 
676.9 
-0.0123 
0.8606 
3435.5 
4975 
4644 
4493 
4169 
4473.5 
3941 
4394 
5428.5 
6195.5 
4939 
5421.5 
7448 
7555 
7291 
7281 
9.0305 
5569.5 
5762 
5664 
5690.5 
7740.5 
7866 
7750.5 
4895.5 
1.7615 
5147.5 
4600 
4554 
5767.5 
6689.5 
7766 
7577 
8011 
2.3155 
ng/ml 
Pb 
59110 
51810 
68823.3 
68833.3 
21.1533 
23.3367 
42206.7 
31516.7 
26670 
33633.3 
20260 
19776.7 
28373.3 
29870 
19026.7 
25480 
12426.7 
22883.3 
30976.7 
30943.3 
30940 
30426.7 
101.453 
37133.3 
34496.7 
32366.7 
34956.7 
27570 
25943.3 
29863.3 
37843.3 
26.0967 
37683.3 
40980 
29536.7 
33436.7 
26436.7 
25860 
26403.3 
24050 
26516.7 
volume dilution 
ml factor 
20 1.25 
20 1.25 
20 1.25 
20 1.25 
20 1.25 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
35 1 
Appendix 6. Continued... 
Sample ID 
15-200-1 
15-200-1 
15-200-2 
15-200-2 
15-400-1 
15-400-1 
15-400-2 
15-400-2 
Blank 
Fraction 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
F4 
ng/ml 
Cu 
20810 
18925 
17950 
19675 
29600 
23940 
34440 
27400 
21.35 
ng/ml 
Zn 
939800 
905050 
1099500 
832400 
1839000 
1723500 
1829000 
1783500 
540.45 
ng/ml 
As 
542.5 
438.1 
492.8 
522.8 
522.1 
525 
404.3 
519.7 
1.207 
ng/ml 
Cd 
4249.5 
4146 
4796.5 
3974.5 
7323.5 
7378 
7206 
7557.5 
1.5185 
ng/ml 
Pb 
41746.7 
34720 
28303.3 
44593.3 
26610 
22303.3 
22136.7 
19993.3 
23.1833 
volume 
ml 
35 
35 
35 
35 
35 
35 
35 
35 
35 
dilution 
factor 
sample oven dried weight = 0.50g 
Appendix 7. Total elemental mass balance analysis and QC/QA (Chapter 6). 
Sample ID Oven dried wt (g) cu Zn As Cd Pb 
0-0-0 
0-0-0 
0-0-0 
mean 
standard dev 
0.2200 
0.2097 
0.2132 
3684.09 
4320.46 
4074.81 
204033.86 
213066.05 
214364.21 
mg/kg 
703.18 
631.14 
723.50 
794.20 
818.31 
844.98 
40420.00 
38030.04 
42594.51 
mean 
standard dev 
5-0-0 
5-0-0 
5-0-0 
mean 
standard dev 
10-0-0 
10-0-0 
10-0-0 
mean 
standard dev 
15-0-0 
15-0-0 
15-0-0 
mean 
standard dev 
0-200-1 
0-200-1 
0-200-1 
mean 
standard dev 
0-200-2 
0-200-2 
0-200-2 
mean 
standard dev 
0-400-1 
0-400-1 
0-400-1 
mean 
standard dev 
0-400-2 
0-400-2 
0-400-2 
0.2289 
0.2342 
0.2314 
0.2083 
0.208 
0.213g 
0.2334 
0.208g 
0.2145 
0.2071 
0.2405 
0.2072 
0.2109 
0.2208 
0.2225 
0.2151 
0.2041 
0.2131 
0.2081 
0.258 
0.2305 
4026.45 
320.93 
4122.98 
4068.10 
398g.84 
4060.31 
66.91 
3401.34 
3489.18 
3371.90 
3420.81 
61.01 
3594.69 
3512.45 
3699.30 
3602.14 
93.65 
4146.55 
3638.25 
3577.46 
3787.42 
312.49 
4114.51 
3959.47 
3937.08 
4003.68 
g6.63 
3875.55 
4125.43 
4002.82 
4001.26 
68.36 
4089.25 
3967.05 
3975.05 
210488.04 
5627.04 
192147.01 
195217.55 
19igg4.17 
193119.57 
1818.51 
184529.28 
189182.45 
185951.15 
186554.29 
2384.50 
179498.50 
176950.45 
187051.05 
181166.67 
5252.86 
180721.63 
212816.84 
208325.05 
200621.17 
17379.24 
184103.60 
205615.72 
205864.94 
198528.09 
12492.59 
208511.69 
216327.54 
211203.43 
212014.22 
8975.65 
231938.06 
216598.64 
216192.84 
685.94 
48.53 
611.62 
615.50 
600.69 
609.27 
7.68 
558.81 
566.59 
565.22 
563.54 
4.15 
563.62 
573.24 
666.20 
601.02 
56.65 
610.33 
601.46 
680.02 
630.60 
43.03 
565.67 
567.26 
657.08 
596.67 
52.32 
692.89 
634.74 
701.78 
676.47 
48.58 
812.39 
722.87 
734.92 
819.17 
25.40 
751.97 
766.12 
733.36 
750.48 
16.43 
713.39 
733.65 
716.34 
721.13 
10.95 
735.54 
712.g0 
742.19 
730.21 
15.36 
682.52 
786.69 
769.43 
746.21 
55.83 
720.37 
786.23 
778.88 
761.82 
36.09 
832.68 
813.69 
784.02 
810.13 
26.11 
892.32 
869.48 
840.24 
40348.19 
2283.08 
39831.37 
40659.27 
40249.14 
40246.59 
413.95 
36935.43 
36952.64 
37984.57 
37290.88 
600.81 
36797.99 
36105.31 
390g6.27 
37333.1 g 
1565.66 
40076.77 
43170.06 
43526.30 
42257.71 
1897.13 
38696.78 
41683.20 
42218.65 
40866.21 
1897.76 
36551.63 
45014.21 
44661.66 
42075.83 
1076.25 
45259.33 
47189.53 
47049.46 
4010.45 
68.36 
221576.51 
8975.65 
756.73 
48.58 
867.34 
26.11 
4649g.44 
1076.25 
Appendix 7. Continued ... 
Sample ID Oven dried wt (g) Cu Zn As Cd Pb 
5-200-1 
5-200-1 
5-200-1 
mean 
standard dev 
0.2573 
0.2553 
0.2122 
3567.36 
1005.78 
4640.67 
183252.64 
41362.91 
192942.74 
mg/kg -
669.66 
116.69 
638.31 
720.23 
154.72 
753.65 
36267.82 
8250.69 
41605.33 
mean 
standard dev 
5-200-2 
5-200-2 
5-200-2 
mean 
standard dev 
5-400-1 
5-400-1 
5-400-1 
mean 
standard dev 
5-400-2 
5-400-2 
5-400-2 
mean 
standard dev 
10-200-1 
10-200-1 
10-200-1 
mean 
standard dev 
10-200-2 
10-200-2 
10-200-2 
mean 
standard dev 
10-400-1 
10-400-1 
10-400-1 
mean 
standard dev 
10-400-2 
10-400-2 
10-400-2 
0.2277 
0.2378 
0.2124 
0.2163 
0.2163 
0.2231 
0.2446 
0.2262 
0.2259 
0.2463 
0.2482 
0.2347 
0.2195 
0.249 
0.205 
0.2488 
0.2346 
0.2162 
0.2194 
0.2313 
0.2332 
3071.27 
1867.54 
3325.42 
3686.92 
3626.41 
3546.25 
193.62 
3938.64 
3951.69 
3922.01 
3937.45 
14.88 
3974.09 
3895.89 
4071.49 
3980.49 
87.98 
3398.29 
3346.09 
3288.24 
3344.21 
55.05 
3580.87 
3850.67 
4282.93 
3904.82 
354.15 
4197.15 
3915.17 
3607.77 
3906.70 
294.78 
4137.42 
4655.21 
4738.42 
139186.10 
84855.80 
203610.04 
207054.04 
204707.86 
205123.98 
1759.30 
201108.83 
201086.22 
200963.47 
201052.84 
78.22 
213326.51 
206686.34 
217308.32 
212440.39 
5366.15 
182247.06 
189333.00 
188048.36 
186542.80 
3775.27 
190489.52 
208128.37 
188060.73 
195559.54 
10952.46 
212751.00 
207278.13 
192402.64 
204143.92 
10530.03 
212112.35 
218082.36 
223874.14 
474.88 
310.60 
629.82 
586.63 
618.88 
611.78 
22.46 
687.40 
598.01 
655.54 
646.98 
45.30 
758.88 
740.50 
786.85 
762.08 
23.34 
536.74 
467.37 
581.81 
528.64 
57.65 
681.09 
828.03 
543.41 
684.18 
142.34 
695.14 
533.03 
550.42 
592.86 
89.00 
641.52 
657.80 
615.99 
542.87 
336.56 
777.45 
772.71 
752.24 
767.46 
13.40 
793.95 
764.22 
745.74 
767.97 
24.32 
837.12 
3257.07 
3415.23 
2503.14 
1444.98 
686.97 
705.08 
702.71 
698.25 
9.84 
743.17 
817.44 
700.49 
753.70 
59.18 
816.42 
782.29 
745.61 
781.44 
35.41 
815.06 
790.53 
795.67 
28707.94 
17916.38 
35921.12 
42488.02 
42531.31 
40313.48 
3803.96 
40222.01 
46555.25 
46385.70 
44387.65 
3608.55 
45610.81 
45523.43 
47542.72 
46225.65 
1141.45 
39920.42 
37157.13 
37110.78 
38062.78 
1608.93 
41878.82 
44756.98 
38347.07 
41660.96 
3210.50 
46030.55 
46296.46 
45119.80 
45815.60 
617.08 
51492.25 
41466.28 
42715.05 
4510.35 
325.64 
218022.95 
5881.12 
638.44 
21.07 
800.42 
12.94 
45224.53 
5463.80 
Appendix 7. Continued ... 
Sample ID 
15-200-1 
15-200-1 
15-200-1 
mean 
standard dev 
15-200-2 
15-200-2 
15-200-2 
mean 
standard dev 
15-400-1 
15-400-1 
15-400-1 
mean 
standard dev 
15-400-2 
15-400-2 
15-400-2 
mean 
standard dev 
QC/QA 
Blank 
Blank 
Blank 
mean 
standard dev 
Standard(PACS-2) 
Standard (PACS-2) 
mean 
standard dev 
Oven dried wt (g) 
0.2145 
0.2481 
0.2052 
0.2004 
0.2141 
0.226 
0.2425 
0.2584 
0.2241 
0.2213 
0.2187 
0.2142 
0.2095 
0.2287 
Cu 
3617.72 
3404.88 
3466.13 
3496.24 
109.57 
4099.30 
3702.71 
3569.69 
3790.57 
275.52 
3659.79 
4126.17 
4019.41 
3935.12 
244.34 
4480.34 
4394.62 
3594.77 
4156.58 
488.42 
4.0775 
1.9465 
8.3255 
4.783167 
3.24752 
1235.00 
1174.00 
1204.50 
43.13 
Zn 
174102.33 
192895.81 
195516.33 
187504.82 
11680.62 
192826.60 
181106.73 
174535.18 
182822.83 
9265.68 
188463.71 
194064.60 
201003.79 
194510.70 
6281.93 
216154.32 
204461.66 
201972.22 
207529.40 
7572.40 
As 
— mg/Kg -
539.16 
626.16 
620.86 
595.39 
48.77 
635.23 
673.05 
573.23 
627.17 
50.40 
604.74 
655.55 
490.85 
583.71 
84.34 
561.00 
656.50 
676.94 
631.48 
61.88 
522.75 nd 
179.725 nd 
1850 37.57 
850.825 
882.1449 
8120.00 
9535.00 
8827.50 
1000.56 
37.57 
106.00 
127.80 
116.90 
15.41 
Cd 
677.97 
735.59 
724.66 
712.74 
30.60 
704.59 
697.57 
647.46 
683.21 
31.16 
723.81 
747.90 
758.14 
743.29 
17.62 
770.56 
828.48 
775.44 
791.49 
32.12 
0.6402 
0.25375 
0.162865 
0.352272 
0.25346 
9.44 
9.78 
9.61 
0.24 
Pb 
35827.04 
37262.80 
37688.35 
36926.06 
975.28 
38466.32 
41195.24 
39192.04 
39617.86 
1413.42 
42999.59 
38144.82 
42062.25 
41068.89 
2575.32 
42029.60 
40283.63 
41922.97 
41412.07 
978.71 
13.34 
5.92675 
286.675 
101.9806 
159.993 
768.88 
1192.50 
980.69 
299.55 
